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ABSTRACT

Due to the rapidly growing population, industrial manufacturers and agricultural producers
are seeking every opportunity to meet the booming demands, which have inevitably led to the
aggravated water contamination by a variety of recalcitrant pollutants. Among the various
water treatment technologies, advanced oxidation processes (AOPs) and advanced reduction
processes (ARPs) possess significant potentials owing to their capability of degrading
recalcitrant pollutants via highly reactive species. This dissertation aims to further explore the
potentials of homogeneous AOPs induced by persulfates and ARPs mediated by heterogeneous
photocatalysts in the removal of persistent legacy and emerging pollutants.

Chapter I of this dissertation provides an overview of the urgent situation of water
contamination and the basics of AOPs and ARPs.

Chapter II describes the first catalyst-free activation of peroxydisulfate (PDS) by visible
light. Importantly, the formation of reactive species is distinctively different in the PDS visible
light system with and without pollutant (e.g., atrazine (ATZ)). In addition to the sulfate radical
(SO4*) generated via S>0s>" dissociation under visible light, 0»° and 'O are also produced in
both systems. In the absence of ATZ, H,O> and O,°* are key intermediates and precursors for
'0,, whereas in the presence of ATZ, oxidation of ATZ by SO4*~ under oxic condition is critical
for the formation of 'O,. Overall, both radical and nonradical processes contribute to the
degradation of ATZ.

Chapter III discusses the direct activation of peroxymonosulfate (PMS) by co-existing

phosphate and carbonate to produce SO4°*". Overall, SO4°*-induced degradation was the major
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pathway for the degradation of atrazine, whereas direct oxidation by PMS served as a
supporting pathway. Without any catalysts, PMS also displayed appreciable effectiveness in
real lake and river waters.

In chapter IV, a zinc ferrite/zero-valent iron (ZFO/nZVI) nanocomposite with a unique
core-shell-skin tertiary structure consisting of an nZVI core surrounded by ZnFe>O4 shell and
further wrapped by wrinkled ZnFe>O4 skin layer is reported. The nanocomposite displayed an
impressive 100% and 99.7% simultaneous removal for nitrate and arsenate at pH 7.0 under
visible light. Reduction by photogenerated electrons was the dominant mechanism for nitrate
removal, while adsorption is the primary process for arsenate removal.

Chapter V demonstrates the efficient photocatalytic degradation of perfluorooctanoic acid
(PFOA) by a titanium-based metal-organic framework (MOF) MIL-125-NH> with glucose as
the sacrificial reductant. A 100% removal rate of PFOA and a 66.7% of total defluorination rate
were achieved within 24 hours. Based on the untargeted analysis for degradation metabolites,
H/F exchange and chain-shortening initiated by hydrated electron (e.;’) were proposed as the
dominant degradation pathways for PFOA. In addition, the MOF almost completely removed
PFOA after three cycles and maintained a high degree of structural integrity, illustrating
excellent recyclability and stability.

In the last chapter, chapter VI, a summary of the dissertation is described along with my

recommendations for future research.
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CHAPTER |

INTRODUCTION

The prevalence and threat of recalcitrant pollutants in water

In the past few decades, the synthesis and usage of chemicals have grown exponentially
owing to the increasing demand from the society.!™ Currently, more than 85,000 types of
chemicals are being produced over the world, many of which enter the natural water systems
through anthropogenic disposing, leaching, and natural runoff from land.!> The release of
these chemicals into the environment gives rise to a variety of recalcitrant pollutants that pose
serious risks to natural ecosystems as well as public health, including pesticides, antibiotics,
toxic oxyanions, and per- and polyfluorinated substances (PFAS).” !4

Pesticides contain a variety of chemicals such as herbicides, insecticides, and fungicides,
and are commonly applied in agriculture.'>!® An estimated 3 million tons of pesticides are
applied to croplands worldwide every year, which is about 15 to 20 times higher than that used
30 years ago.!”!® More strikingly, half of the pesticide residues detected in the groundwater in
industrialized countries are originated from pesticides that were phased out many years ago."
Herbicides account for about 62% of pesticide usage in agriculture in the United States, and
the five most used herbicides during the past two decades were glyphosate, atrazine,
metolachlor-(S), 2,4-D, and acetochlor.?’ As one of the most frequently detected pesticides, the
concentration of atrazine in surface water in the Midwest and South of the US reached 53 pg/L

in 2018.2! Very few pesticides are completely mineralized after biotic or abiotic degradation.

Some of their degradation intermediates, which possess even higher toxicity, have been
1



detected at higher concentrations in drinking water and surface water compared to their parent
forms. !¢ Pesticides have also been reported to induce harmful physiological responses in many
wildlife such as honey bees?>?, butterflies®* and humans.?>2’ Health impacts of pesticides
include irritation, damages to nervous and endocrine systems, and carcinogenic effects.?”-?8

Veterinary antibiotics have been extensively used worldwide to treat and prevent bacterial
infection, promote growth, and improve feed efficiency for livestocks.?”! The U.S. alone
consumed approximately 22,700 tons of antibiotics, and the global consumption of antibiotics
reached almost 200,000 tons in 2002.3? Owing to its potential for inducing antibiotic resistance,
the presence of antibiotics in natural waters has drawn intensive attention. Around 30-90% of
consumed antibiotics are not absorbed by animals and are excreted in urines and manures in
their parent or metabolized forms. Many of these metabolites are still bioactive and can be
converted back to their parent forms.>! During the agricultural process, antibiotics enter the
environment mainly through disposal of leftovers and spread of contaminated feces.?!** Since
antibiotics have a wide range of solubility, absorptivity, volatility, biodegradability, polarity,
and stability, traditional wastewater treatment processes are incapable of effectively degrading
these pollutants.**>® For many antibiotics such as sulfamethoxazole and diclofenac, the
removal rates by traditional wastewater treatment plants are less than 20%.3%*

Inorganic oxyanions such as arsenate/arsenite (AsO4>/AsOs>), selenate (SeO4?>"), chromate
(CrO4%), and nitrate (NO3"), are common byproducts released from industrial manufacturing
and agricultural practices.’’*® Elevated levels of these oxyanions in water have become a
3739 I

pressing concern due to their high mobility in water as well as high toxicity to humans.

particular, acute exposure to arsenic can lead to vomiting, blood vessel damage, impaired nerve



function, whereas chronic exposure has been associated with several types of cancer.>* Long-
term exposure to nitrate may lead to adverse pregnancy outcomes, ovarian and bladder cancer,
and methemoglobinemia, or “blue baby syndrome”. The maximum contaminant levels (MCL)
of arsenic and nitrate in drinking water were set at 10 pg/L and 10 mg/L, respectively, by the
U.S. environmental protection agency (EPA).

Applications of per- and polyfluoroalkyl substances (PFAS) in water-repellent fabrics,
non-stick products, food packaging, textiles, and aqueous fire-fighting foams (AFFF)
worldwide since the 1940s have led to their rapid accumulation in soils, sediments and different
water bodies (e.g., surface water, groundwater, landfill leachate).***> As one of the most
widespread PFAS representatives, perfluorooctanoic acid (PFOA) has been associated with
multiple adverse health effects such as endocrine disruption, and carcinogenicity.*** The
concentrations of perfluorooctanoic acid (PFOA), one of the most extensively used PFAS, in
contaminated groundwater near U.S. military bases can reach up to 6,570 ppb, which is almost
five orders of magnitude higher than the EPA health advisory level of PFOA in drinking water
(70 ppt).°° PFAS are highly stable owing to the abundance of C-F bonds, which is the strongest
bond in organic chemistry with a bond dissociation energy (BDE) up to 544 kJ-mol’!, and are

notorious for being largely immune to conventional water treatment processes.”! >3

Advanced oxidation and reduction processes in water decontamination

Over the past two decades, the field of water remediation has aroused considerable
attentions worldwide due to the advancement in the detection technologies for the vast diversity
of pollutants. Considering the ubiquitous occurrence, high persistence, and potential toxicity

of these pollutants, a diversity of treatment technologies have been developed, including
3



adsorption, coagulation, ion exchange, membrane filtration, microbial degradation, advanced
oxidation processes (AOPs), and advanced reduction processes (ARPs).3*%* % Non-destructive
technologies such as adsorption and membrane filtration have been widely applied in real
practices, yet they tend to suffer from high costs for material regeneration, need for post-
treatment of concentrated pollutants, and potential release of pollutants back to the
environment.®'*2 Furthermore, the recyclability and stability of materials in extended exposure
to the treatment processes are also a concern. To overcome these limitations, destructive
technologies such as AOPs and ARPs that are capable of breaking down recalcitrant pollutants
into less toxic or innocuous byproducts have attracted considerable attention both in research
and practical applications.5>¢*

AOPs can degrade pollutants via various oxidative reactive species such as ozone (O3),
hydroxyl radical (*OH), sulfate radical (SO4*"), and reactive chlorine species (RCS).%>® The
*OH is one of the strongest oxidants (E® = +1.90 to +2.70 Vnug) that non-selectively attacks a
variety of organic pollutants.®”%° As an alternative to *OH, SO4*" possesses an equivalent redox
potential (E® = +2.60 to +3.10 Vnug) and several important advantages over *OH including
longer life time in water, higher selectivity, and less dependence on pH.®’” The number of
publications on SO4°*-based AOPs has been surging rapidly in recent years, and thanks to these
efforts, substantial progresses have been made in the activation methods and the underlying
chemistry of SO4*-based AOPs.”>7® However, a closer look at the recent literatures reveals
that the overwhelming majority of them are focused on the activation of persulfates via

electron-transfer by designing novel heterogenous catalysts, whereas activation methods that

do not rely on heterogeneous catalysts have been largely overlooked.”®’? Although excellent



performance can be achieved by using heterogenous catalysts, higher difficulties and costs in
actual operations are inevitable. In this regard, catalyst-free activation of persulfates is still not
well-understood and deserves more attention. In particular, peroxydisulfate (PDS) has been
considered as UV-active only, while calculation for the BDE suggests that the O-O bond can
be broken by visible light (A < 854 nm). Although the enhanced performance of PDS under
visible light has been shown as the control groups in several previous studies that use
heterogeneous catalysts to activate PDS, its importance was ignored.”” 7> Furthermore, the
interaction between PMS and innocuous inorganic oxyanions and the chemistry of
peroxymonosulfate (PMS) itself have not been well-studied. Hence, the first two objectives of
this dissertation are to discover the novel activation methods for persulfates without using
heterogeneous catalysts.

On the other hand, the term “ARP” was established in the late 1990s when highly oxidized
organic pollutants were degraded unintentionally by reducing reactive species such as hydrated
electron (eqq), hydrogen radical (H®), sulfite radical anion (SO3*), and sulfur dioxide radical
anion (SO*).”*” ARPs offer a novel solution to the degradation of pollutants that are not
readily oxidizable, including high-valent oxyanions (e.g., NOs", ClOs", BrOs", CrO4>), vinyl
chloride, 2,4,6-trichlorophenol, and PFAS. As the strongest reducing species known to date
with a redox potential of -2.87 V vs. NHE, e, has a half-life of ~300 ps and tend to undergo a
one-electron transfer mechanism with an activation energy ranging from 6 to 30 kJ/mol.>!>3
As a reference, the redox potentials of common reactive species involved in AOPs and ARPs

are summarized in Figure 1.7
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Figure 1. The redox potentials of common reactive species in ARPs and AOPs. Reactions
occurred under acidic and alkaline condition are highlighted in pink and blue, respectively.
Reactions denoted in black are either under neutral condition or relatively less pH-dependent
(created with BioRender.com).

Heterogeneous photocatalysis has attracted intense interests in recent decades owing to its
low operational cost and utilization of light as a green and sustainable energy source.’*>677-82
When the energy of light irradiation is equal to or greater than the bandgap energy (Eg) , an
electron in the valence band (VB) of the photocatalyst absorbs a photon and then gets promoted
to the conduction band (CB), creating a free electron (ecs) in the CB and leaving a positive
hole (Ays") in the VB. The produced ecs” could migrate to the surface of the photocatalyst and

then participate in reactions with water constituents.®»%* Adjacent water molecules can be

polarized by the excited electron and bind to it to form a meta-stable species called eq,".”* The

6



eqq can be oxidized by dissolved oxygen to form superoxide radical (02*), and the hyp" can
react with water or hydroxide to produce *OH.*° The basic mechanism for the production of

reactive species in heterogeneous photocatalysis is shown in Figure 2.

S
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@ \j
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Figure 2. The basic mechanism for the production of reactive species in heterogeneous
photocatalysis (created with BioRender.com).

Owing to the utilization of green and sustainable energy, heterogeneous photocatalysis is
deemed as a promising technology to generate e.; in ARPs.”* However, despite of the
worldwide prevalence of highly oxidized pollutants, especially PFAS, investigations on ARPs
are still in the infant stage compared to AOPs. The last two objectives of this dissertation are
to explore the potentials of ARPs mediated by heterogeneous photocatalysts in the degradation
of persistent pollutants. The overall structure and four main objectives in this dissertation are

summarized in Figure 3.
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Figure 3. The overall structure and main objectives of this dissertation



CHAPTER II

CATALYST-FREE ACTIVATION OF PEROXYDISULFATE BY VISIBLE LIGHT:

POLLUTANT-DEPENDENT PRODUCTION OF REACTIVE SPECIES*

Introduction?

A 40% global water deficit is projected by 2030, and the reuse of wastewater is a
promising alternative to decrease water stress in different parts of the world. Among various
technologies to treat wastewater, advanced oxidation processes (AOPs) using highly reactive
species (e.g., hydroxyl radicals (*OH) and sulfate radicals (SO4°*") with redox potentials in the
ranges of +1.8-2.7 Vwue and +2.5-3.1 Vug, respectively)®®’®%¢ have been used in
treatments. 5”87
The *OH produced from Fenton-based processes has a life time of < 1 us while SO4°*" generated
from peroxymonosulfate (PMS, HSOs") and peroxydisulfate (PDS, S,0s>") has a much longer
life time (30—40 ps) and is applicable to a wide range of pH.%¥° In addition, SO4* is more
selective and has lower reactivity than *OH toward natural organic matter, and thus SO4°*"-
based AOPs have recently received great attention for their potentials in water treatment,
especially for recalcitrant organic pollutants.®”*!3 A vast amount of research has been
conducted to activate PMS and PDS via different approaches, including electron-transfer-based

(e.g. reduced transition metals, electron-donating functional groups) methods in both

homogeneous and heterogeneous systems and energy-transfer-based (e.g. heat, photons)

“Reprinted with permission from: Visible light-induced catalyst-free activation of peroxydisulfate: pollutant-dependent
production of reactive species. Wen, Y., Huang, CH., Ashely, D., Meyerstein, D., Dionysious, D.D., Sharma, V.K., Ma, X.,
2022. Environmental Science & Technology, 56, 2626-2636. Copyright 2022 American Chemical Society.
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methods. %7102

The peroxide bonds (O-O) in PMS and PDS can be dissociated to generate *OH and
SO4* after activation ((O3SO-OH — SO4°* + *OH and "O3SO-0OS03™ — 2S04*°). The O-O bond
in PMS is more polar and could be more effectively cleaved by electron transfer from
nucleophiles.!® Comparatively, the O-O bond in PDS is relatively non-polar and less
vulnerable to nucleophilic attack.®” However, the O-O bond in PDS is markedly weaker than
that in PMS due to its longer bond length (1.497 A vs. 1.453 A) and lower bond dissociation
energy (BDE). The BDE of the O-O in PDS is estimated to be <140 kJ-mol!,!%1% whereas
the reported BDE of O-O in PMS is up to 377 kJ-mol!.¢7-19%197 Based on the Planck’s equation,
the O-O bond in PDS could be potentially broken by irradiation with wavelength shorter than
854 nm without any chemical catalyst, which covers the entire visible light spectrum. However,
PMS requires irradiation with wavelength shorter than 317 nm to break the peroxide bond at
the reported higher BDE. Compared with PMS, PDS is also more cost effective ($0.18/mol
versus $1.36/mol).!”> Moreover, PDS showed higher reaction stoichiometric efficiency (RSE),
defined as the number of moles of pollutant degraded over the number of moles of PDS
consumed, than PMS. %1% Therefore, the use of visible light for PDS activation offers a unique
opportunity for a greener and more efficient technology to break down hazardous organic
chemicals.

Surprisingly, very little attention has been paid to the potential activation of PDS by
visible light in a catalyst-free condition. In contrast, extensive studies have been conducted to
activate PDS by ultraviolet light (UV), and PDS activation by visible light often relies on the
assistance of homo- and hetero-catalysts (including dye-photosensitizers).”>”* However, a
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closer examination of the literature suggests that visible light activation of PDS without
additional catalyst is possible. A recent study on the inactivation of Escherichia coli,
Staphylococcus aureus, and Pseudomonas aeruginosa implied the activation of PDS by visible
light to generate reactive species such as SO4°, OH®, and 0,*".!'* Unfortunately, PDS alone
with visible light was often treated as a control in these studies, and thus, the possible activation
of PDS by visible light was ignored.”®7? Our study demonstrates conclusively for the first time
the activation of PDS by visible light in a catalyst-free system and formation of various reactive
species through an in-depth mechanistic investigation.

Importantly, although some recent literature started proposing 'O, as a dominant
nonradical species in the PDS system, convincing evidence is still missing.%”!'! For example,
!0, was considered as a major reactive species if the addition of scavengers reduces the
degradation efficiency of target compounds. However, common scavengers for 'O such as L-
histidine (L-his), azide (N3°), and furfuryl alcohol (FFA) do not quench 'O, selectively. They
can quench SO4* and *OH even more rapidly than 'O,, which was often ignored.!'>!'” For
example, the second-order rate constants between N3~ and SO4°*" and *OH are around 1 to 2
orders of magnitude higher than that with 'Oz (k(N35/ SO+*) = 3.0x10° M'-s1;117 k(N3/ *OH)
= 1.4x10"" M1-s1; 18 k(N5/ 105) = 4.5x108 M1-s71).112 Hence, the results of quenching study
alone are not convincing and sometimes can be misleading, especially in heterogeneous
medium in which the quencher can occupy active sites on the catalyst and alter the kinetics.
Confirmation of the participation of 'Oz requires more conclusive evidence. In addition, the
reported generation of 'O» by PDS was mostly achieved through the activation of
heterogeneous catalysts such as carbon-based materials and metal oxides.''®1?? To the best of
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our knowledge, production of 'O, via direct energy input to a PDS system without any catalyst
has not been reported.

In the present study, we aimed to demonstrate the feasibility of visible light activation
of PDS, and subsequently elucidate the roles of reactive species (SO4°", *OH, 02*", and '0,) in
degrading organic pollutants in the PDS-visible light system via electron paramagnetic
resonance (EPR) spectroscopy measurements. We also demonstrated unequivocally the
generation of 'O, by taking advantage of its solvent-specific quenching capacity. Importantly,
distinctively different mechanisms were noticed for the generation of reactive species by PDS
under visible light in the absence and presence of pollutants. The selected pollutants were
herbicides and pharmaceuticals, which are prevalent in the environment and are of great

concern because of their hazardous effects on human health and ecological systems.

Experimental Section

Chemicals and Materials

Potassium peroxydisulfate (PDS, > 99.0%) and tert-butanol (TBA) anhydrous (= 99.5%)
were purchased from Sigma-Aldrich (St. Louis, USA). Atrazine (ATZ, > 97.0%),
sulfamethoxazole (SMX, > 98.0%), trimethoprim (TMP, > 98.0%), sulfadimethoxine (SDM, >
98.0%), and carbamazepine (CMZ, > 97.0%) were purchased from TCI America (Portland,
USA). Sodium phosphate dibasic anhydrous (= 98.0%), sodium thiosulfate (99.0%), sodium
hydroxide (= 97.0%), sulfuric acid (98.0%), 5,5-dimethyl-1-pyrroline N-oxide (DMPO, >
98.0%) and superoxide dismutase (SOD, 3500 U/mg) were obtained from Thermo Fisher

Scientific (Waltham, USA). Ibuprofen (IBP, 99%), 2,2,6,6-tetramethyl-4-piperidine (TEMP,

12



99%), and ammonium metavanadate (99.5%) were purchased from ACROS Organics
(Waltham, USA). L-histidine (L-his, > 98.0%) and deuterium oxide (D20, 99.8%) were
purchased from Alfa Aesar (Haverhill, USA). Methanol (MeOH, reagent grade) was purchased
from VWR Chemicals (Radnor, USA). Waters Oasis HLB cartridges (WAT106202, 6 c¢c/200
mg) were purchased from Waters (Milford, USA). All chemicals were used as received. Thin
wall quartz sample tubes (4 mm and 2 mm) were purchased from Wilmad Labglass (Vineland,
USA). A simulated sunlight lamp (GLBULBM1000 metal halide bulb, 1000 W, 92,000 Im)
was purchased from iPower and used as the light source. A UV filter film was purchased from

Edmund Optics (Barrington, USA).

Catalyst-Free Activation of PDS

The reactions were carried out in 40 mL glass tubes with constant stirring at 300 rpm at 25
+ 0.5 °C. The temperature of solutions was monitored using a thermometer throughout the
experiments. The initial concentration of atrazine (ATZ) was 10.0 uM, and the initial
concentration of PDS was 5.0 mM. The irradiation fluxes emitted from the lamp and received
by the solutions were measured with a LS125 UV light meter (Linshang Technology, Shenzhen,
China) and a Solar Light PMA2100 radiometer (Solar Light Company, Philadelphia, USA) 10
cm away from the lamp. The tubes in the dark treatments were covered with aluminum foil. To
further confirm the PDS activation by visible light, experiments were also conducted with a
UV filter film covering the simulated sunlight lamp to eliminate the effect of UV light. 1.0 mL
of sample was withdrawn from each tube at different elapsed times (t=0, 1, 2, 3, 4, 5, 10, 20,
30, 60, 90, 120, and 240 min) and immediately quenched by 20 uL of 5.0 M sodium thiosulfate.
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The concentrations of all pollutants in collected samples were measured with a Dionex
UltiMate 3000 high-performance liquid chromatograph (HPLC) (Sunnyvale, USA) with a
Restek C18 column (4.6 x 250 mm, 5 um). The mobile phase was composed of methanol and
water (60/40, v/v) at a flow rate of 1.0 mL/min. The column temperature was set at 30 °C. The
change in the concentration of PDS wunder different conditions was determined
spectrophotometrically via an oxidation decolorization method and a modified iodometric
titration method, respectively.'?*!** The initial and final pH in each tube were measured with

an Accumet AE150 pH meter (Westford, USA).

Electron Paramagnetic Resonance (EPR) Spectroscopy

EPR was used to probe possible reactive species in the reaction systems. The measurement
was performed using a Bruker Elexsys ES00 EPR equipped with both a standard resonator and
a CoolEdge cryo system (Billerica, USA). The instrument settings are: 20.0 mW microwave
power, 9.8 GHz microwave frequency, 100 kHz modulation frequency, 1.00 G modulation
amplitude, 3515 G center field, 150 G sweep width, and 40.0 s sweep time. 50.0 mM of 5,5-
dimethyl-1-pyrroline N-oxide (DMPO) was used as the spin trapping agent for *OH, SO4*",
and O2*, while 50.0 mM of 2,2,6,6-tetramethyl-4-piperidine (TEMP) was used to probe 'O..
The EPR measurements for *OH and SO4* were carried out in 1:1 mixture of 10.0 mM
phosphate buffer and acetonitrile, and the measurement for O;*" was performed in pure
methanol (MeOH) to quench *OH and SO4*". The reaction solution was injected into a 2 mm
quartz EPR tube using a syringe needle, which was then placed into a 4 mm quartz EPR tube.
The EPR tubes containing the reaction solution were irradiated under the simulated sunlight
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lamp for 1 min and then measured by EPR. The EPR measurement was repeated with D>O as
the solvent for phosphate buffer with the same experimental setup to investigate the role of !O.
In the PDS light system with and without ATZ, The EPR measurements for O»* and 'O, were
also conducted under anoxic condition after 10 min of N> purging. The dissolved oxygen (DO)
after N> purging was 0.12 £+ 0.02 mg/L, measured by an Orion Star A123 Dissolved Oxygen

Meter, which falls in the DO range of anoxic condition (0 - 0.2 mg/L).

Quenching of Reactive Species

In order to identify the main reactive species involved in the degradation of ATZ by PDS
under light and in dark, four quenchers were added in the beginning of the reactions to scavenge
possible reactive species. The concentration of MeOH, tert-butanol (TBA), and L-histidine (L-
his) was 0.5 M, and the concentration of superoxide dismutase (SOD) was 50 U-ml™. To study
the impact of oxygen, purified N> gas was used to purge the system for 10 min before the
quenching experiments. All tubes were capped and then sealed with parafilm to maintain an
anoxic environment throughout the reaction. The ATZ concentrations in the samples taken at
various time points (t=0, 5, 10, 30, 60, 120, and 240 min) were measured using HPLC. The
degradation of ATZ was also repeated with D>O as the solvent for phosphate buffer with the

same experimental setups.

Quantification of Hydrogen Peroxide (H20>)
The presence of H>O> in PDS Dark and PDS Light was determined with a previously
reported spectrophotometric method based on the reaction between H2O2 and metavanadate
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under acidic medium to produce peroxovanadate with a main absorption peak at around 450

nm using a UV-Vis-NIR spectrophotometer (Hitachi U-4100).!2%:126

Identification of Degradation Metabolites

To identify the degradation pathways of ATZ by PDS, samples were collected at 120 min
and 10 min for PDS Dark and PDS Light, respectively, followed by solid-phase-extraction
(SPE) to extract remaining ATZ and degradation metabolites. The Waters Oasis HLB cartridges
(WAT106202, 6 cc/200 mg) cartridges were sequentially pre-conditioned with 5.0 ml of
methanol and 5.0 ml of ultrapure water, loaded with 50.0 ml of samples, and dried with purified
N> gas for 30 minutes. The final extracted products were eluted with 2.0 ml of methanol.
Untargeted liquid chromatography high resolution accurate mass spectrometry (LC-HRAM)
analysis was performed on a Q Exactive Plus orbitrap mass spectrometer (Thermo Fisher
Scientific, Waltham, USA) coupled to a binary pump UltiMate 3000 HPLC to detect the

degradation metabolites of ATZ.

Data Analysis

One-way analysis of variance (ANOVA) was used to determine the statistical differences
among the pseudo-first-order rate constants of ATZ degradation with and without UV filter
film, and in water and D>O. Different letters in the figures indicate significant differences

between the rate constants (p<0.05) according to one-way ANOVA followed by Tukey’s test.
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Results and Discussion

Catalyst-free Activation of PDS

A simulated sunlight lamp was used as the light source in this study. The light fluxes
that reaction solutions received in glass vials contained 39.8 + 0.5x10~ W/cm? of visible light
in the wavelength (1) range of 400-700 nm. The fluxes in the UV ranges contained 8.1 +0.2x10"
6 W/em? of UV-A (A=315-400 nm) and 2.5 + 0.4 x10°® W/cm? of UV-B (A=280-315 nm),
respectively. The UV-C flux (A=230-280 nm) was negligible. Based on the flux measurement,
UV light only accounted for < 0.03% of the total light flux, and thus the light source used in
our study represents almost exclusively the visible light. The chemistry of PDS with visible
light irradiation (PDS Light) and without (PDS Dark) was explored using six common
herbicides and pharmaceuticals, namely atrazine (ATZ), sulfamethoxazole (SMX),
trimethoprim (TMP), sulfadimethoxine (SDM), ibuprofen (IBP), and carbamazepine (CMZ)
(Figure 4). Interestingly, the degradation efficiencies of all six pollutants by PDS were
significantly improved by visible light irradiation. Using ATZ as an example, complete
degradation of ATZ was achieved by PDS Light in 30 min (kops= 11 £3.0x102 min!), however,
only 37% of ATZ was degraded by PDS Dark within 30 min (kess = 0.72 £ 0.09x102 min™")
(Figure 4a). To further confirm that PDS was activated by visible light, the degradation
experiments of ATZ by PDS were repeated with a UV filter film placed between the sunlight
lamp and glass vials to block the UV light, which completely blocked UV-B and UV-C, and
only allowed 2.0 + 0.2x10% W/cm? of UV-A (Table S1). The obtained pseudo-first-order rate
constants of ATZ degradation by PDS were not statistically different from the one obtained

without a UV filter (Figure S1). The results demonstrated that PDS activation was due to
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visible light, consistent with the postulation that the energy from visible light is sufficient to

break the O-O bond in PDS.
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Figure 4. Degradation of (a) ATZ, (b) SMX, (c) TMP, (d) SDM, (e) IBP, and (f) CMZ by PDS
in dark and under light; the fluence of visible light received by the reaction solution is shown
in the secondary x-axis ([pollutant]o = 10.0 uM, [PDS]o = 5.0 mM, [Na;HPO4] = 10.0 mM,
pHo= 7.0, T =25 °C).

In order to verify whether PDS was directly activated by visible light, the impacts of
solution constituents were examined. Because 10 mM phosphate buffer was added to control
the initial pH to 7.0 to take into account of the typical pH of natural waters, the impact of
phosphate buffer on the decay of PDS was investigated. Apparently, phosphate displayed
negligible impact on PDS decay both in dark and under visible light (Figure S5a).
Approximately 20% and 90% of PDS decayed within 240 min in dark and under visible light,
respectively, regardless of the phosphate. Next, the effect of ATZ was also determined.
According to Figure 5b, the presence of ATZ showed negligible effect on the decay of PDS in
dark because the initial concentration of ATZ was only 0.2% of the initial concentration of PDS.
The comparable rate constants of PDS decay in dark with and without ATZ supported the
negligible role of ATZ in PDS decay in the experimental setup when [ATZ]o/[PDS]o ratio was
low. However, the notable degradation of ATZ by PDS in dark suggests that direct ATZ and
PDS redox reaction could occur. To confirm this hypothesis, a separate experiment with the
initial concentrations of PDS and ATZ both controlled at 5.0 mM in dark was performed. The
decay of PDS and ATZ in dark were both enhanced in the presence of each other, indicating
direct oxidation of ATZ by PDS (Figure S2). The relative concentration differences of ATZ
and PDS explains the notable degradation of ATZ by PDS in dark (Figure 4) but minimal effect
of ATZ on PDS decay (Figure 5b), even though direct reaction between ATZ and PDS took
place in both experiments discussed above.

The above results showed unambiguously that PDS can be directly activated by visible
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light without the assistance of catalysts. To gain further understanding on the different
behaviors of PDS in the presence and absence of ATZ, the underlying chemistry of PDS under
visible light in two different systems were examined separately. The first system is relatively

“clean”, which only contains PDS, and the second system contains ATZ in addition of PDS.
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Figure 5. The effect of (a) phosphate buffer ([PDS]o = 5.0 mM, [Na2HPO4] =0 or 10.0 mM, T
=25°C) and (b) ATZ ([PDS]Jo = 5.0 mM, [Na2HPO4] = 10.0 mM, [ATZ]o = 0 or 10.0 uM, pHo=
7.0, T =25 °C) on the decay of PDS in dark and under light.

PDS Light (without ATZ)
Four reactive species that are commonly present in persulfate-based systems were
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probed in order to reveal the undergoing reactions of PDS Light, namely SO4*, *OH,
superoxide radical (O2*), and singlet oxygen (!02). EPR spectroscopy was employed to
directly detect the reactive species, with 5,5-dimethyl-1-pyrrolineN-oxide (DMPO) as the spin
trapping agent for *OH, SO4*~ and O,*, and 2,2,6,6-tetramethyl-4-piperidine (TEMP) for 'O,
(Figure 6). The EPR detection for O»* was performed in pure methanol to quench *OH and
SO4*". Clear signals of DMPO-OH®, DMPO-SO4*, and DMPO-O;°*" adducts in PDS Light
confirmed the formation of *OH, SO4*", and 0,*,''*!2""12% while the corresponding signals in
PDS Dark were negligible (Figure 6a-b).The characteristic 1:1:1 peak for 2,2,6,6-tetramethyl-
1-piperidinyloxyl (TEMPO), the TEMP-'O; adduct, was also observed for PDS Light in water
(Figure 6¢). Although the signal of TEMPO was observed, it could originate either from direct
oxidation of TEMP by 'O, or one-electron abstraction from TEMP as a heterocyclic amine. '3
Consequently, EPR signal alone still cannot conclusively confirm the role of '0,.®” The solvent-
dependent lifetime of 'Oz is a crucial but often overlooked characteristic. 'Oz is quenched more
slowly by deuterium oxide (k(D:0) = 1.5x10* s!) than by water (k(H>0) = 2.5x10° s7).67:131
To take advantage of that, EPR detections were also conducted with D,O as the solvent. The
peak intensity of TEMPO for PDS Light in D>O was nearly 1.5 times higher than that in water,
confirming the formation of TEMPO via direct oxidation by 'O, (Figure 6¢). Because the
dissolved oxygen (O2) could be an important precursor for O>* and '0,,!3*"134 EPR detections
for O2*" and 'O, were also performed under anoxic conditions to examine the role of O in PDS
Light. Interestingly, the absence of O, had little influence on the signal intensities of DMPO-
0,* and TEMPO in PDS Light, indicating that O, was not involved in the generation of O>*
and '0,.
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Figure 6. EPR spectra of (a) *OH and SO4*", (b) O2*, and (¢) 'Oz of PDS Dark and PDS Light
in the absence of ATZ ([PDS]o = 5.0 mM, [DMPO] = [TEMP] = 50.0 mM, [Na,HPO4] = 10.0
mM).

Based on the formation of reactive species in both oxic and anoxic conditions, the
potential reactions involved in PDS Light clean system are presented in Figure 7. The
photolysis of PDS by light can generate two SO4* (R1).!* Based on the rate constant of PDS
decay in dark and under light, the rate constant for R1 was estimated at around 8.8 £ 1.1 x 10
3 min! in this study. The SO4*" can transform to *OH by snatching an electron from water
molecule (R2).13® Importantly, even though the dominant species in phosphate buffer at pH 7.0
can quench SO4* (k(SO,*/H>PO4) < 7.0x10* M5!, k(SO*/HPO4#) = 1.2x10° M1-s71),117 3
portion of SO4*" can still undergo R2 to produce *OH based on competitive kinetics.

Subsequently, a series of reactions may take place to produce O,*", a key precursor for 'O, (R3-

RIO).117,137—151

$,08" 25 S04 + S04 (R1)
SOs* + H,O —> °*OH + SO4* + H' k2= 6.6x10%s"! (R2)
*OH + *OH — H,0» k3 =5.0-6.2x10° M !-s! (R3)
*OH + H,0, — 0* +H' + H,0 ky=2.9-3.8x10" M5! (R4)
0,* +H0, — '02+*OH + OH" ks=23M"'s! (R5)
0, +°OH — '0,+OH" ks=0.9-1.0x10"M'st  (R6)
SO4* + 0, — S04 + 0O, k7=13.5x10° M -s’! (R7)
S205% + 2H,0 — 2S04* + H,0, + 2H" ks=1.2x107 5! (R8)
$:05% + 2H,0; —> 20, +2S04> + 4H* ko=1.2x10" M5! (R9)
0,* +H'" = HO»* (R10a)
HO,*+ 0,* + H,0 — 02+ H,0, + OH" kio=9.7x10" M-s™! (R10b)
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Figure 7. Potential reaction pathways for the formation of reactive species by PDS Light
in the absence of ATZ (created with BioRender.com).

Based on these reactions, H,O» is a key intermediate in generating O,* and 'O..
Specifically, the formation of H,O» via the recombination of *OH can readily occur as a near-
diffusion-controlled reaction with a low activation energy of 7.65 kJ-mol™! (R3).!37-144145 The
direct overlap between the (py)' orbitals of two *OH results in possible formation of H>O,.!4®
The produced H20> can react with *OH to produce O,*(R4).!**!47 Then *OH can react with
0,* to generate 'Oz (R5).!*+!>2 The calculated changes in the Gibb’s free energy (AG®’) for R4
and RS are -83.0 and -14.5 kJ-mol! respectively, based on AE®* (AE”’(*OH/H20) = +1.8 V;
AE®(02*/H,02 = +0.94 V; AE(H202/°0OH,H,0) = +0.8 V; AE>(102/02* = +0.65 V)),
indicating thermodynamic feasibility of the reactions.!*® Despite its relatively low rate constant,
R4 may be accelerated by external energy sources (i.e., visible light).!#¢ It was reported that
the reaction between 02* and H,O» (R5) requires direct overlap between the empty ¢y orbital

of H>O» and the filled or half-filled n"; orbital of O»*, which is hindered by the filled n", orbital
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of H>0,.!* Hence, RS might not be a major reaction contributing to the production of 'O.

Alternatively, *OH can directly oxidize O>* to produce 'O, (R6),'** and formation of
both singlet states of Oz (', 02 and 'A,O>) were proven to be thermodynamically favorable.'’
In addition, direct overlap between the 'y orbital in O>* and the p, orbital in *OH is also
possible to produce 'A,0,.1*¢ Similarly, SO4* can also directly oxidize O»* to produce O
(R7).13® However, whether the produced O; is predominantly in the singlet or triplet state is
unclear. It has also been proposed that PDS can be hydrolyzed to generate H,O (R8).!>* Given
the relatively low redox potential of H2O2 (1.78 V) compared to PDS (2.08 V), H20: could
reduce PDS to generate O,* (R9) as proposed by a previous study.!!” Furthermore, the
formation of 'O, by spontaneous disproportionation of O,* has long been proposed (R10a-
b).!*! Quantitative determination in literature revealed that less than 10% of the O produced
was in singlet state, suggesting that this might be an inefficient pathway for 'O, evolution.!4>!%
In order to confirm the critical role of H2O2 in PDS system, the presence of H>O2 in PDS Dark
and PDS Light was determined following a spectrophotometric method developed based on
the formation of red-orange peroxovanadate cation from the reaction between H»>O» and
vanadate under acidic medium.'?>?° No color change was observed for PDS Dark (Figure S3).
By contrast, a red-orange color was observed when the PDS Light sample was added to the
light-yellow vanadate solution, with a main absorption band at 453 nm, providing strong
evidence for the formation of H>O: and the proposed reaction R3.
PDS Light (with ATZ)

With the presence of ATZ, the mechanisms for the generation of reactive species are

drastically different. First of all, ATZ has been reported to react rapidly with SO4*" (k(SO,*
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JATZ) = 2.6-4.2x10° M!-s71),154156 which could significantly inhibit R2 based on competitive
kinetics. Consequently, the subsequent R3-R7 are very unlikely to occur, and it is reasonable
to assume that SO4°” might be the dominant reactive species that contributed to the degradation
of ATZ in PDS Light. To confirm this, four scavengers were introduced to selectively quench
reactive species to probe their roles (Figure 8a).'>” Methanol (MeOH) was used to quench both
SO4* (k= 1.0x10” M!-s1)!38 and *OH (k = 9.7x10% M'-s™).!% Tert-butyl alcohol (TBA),
which has a higher rate constant with OH® (k= 4.8x10% M1-s1)!13 than with SO4* (k= 8.4x10°
M 1-s1) 158 was used to specifically quench *OH. Superoxide dismutase (SOD) as an enzyme
that catalyzes the disproportionation of O,* was added to selectively quench O>* (k= 2.8x10°
M 1.g71) 160161 and L-histidine (L-his) was used to quench 'O, (k = 9.0x10” M!-s1).11? The
concentration of each quencher was 100 times higher than that of PDS to ensure efficient
quenching of reactive species. It should be noted that p-benzoquinone as a common quencher
for O,°* was not used due to its potential to activate PDS via electron transfer.!®? Furthermore,
an often overlooked fact is that the second-order rate constants between L-his and SO4*" (k =
2.5x10° M!-s1)1%% and *OH (k = 4.8x10° M!-s)!'* are more than one order of magnitude
higher than that between L-his and 'O,. Other scavengers for !0, such as N3~ and FFA also
suffer from the same limitations. Thus, quenching experiments can only provide preliminary
information on the involvement of 'O,. Overall, the ATZ degradation by PDS Light was
significantly hindered by all four scavengers, with L-his almost completely inhibited the
degradation.

The inhibitory effect of MeOH was stronger than that of TBA, consistent with our
assumption that SO4*" might be the main radical species. Surprisingly, the presence of SOD
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also reduced the degradation efficiency dramatically, suggesting the involvement of O>*", likely
through different reactions from R4. The quenching experiments were also conducted under
anoxic condition to investigate the role of O, in the generation of reactive species in the
presence of ATZ (Figure 8b). Without scavengers, the degradation efficiency of ATZ was
markedly retarded under anoxic condition, according to the corresponding pseudo-first-order
rate constant (kobsianoxic) = 7.3 £ 0.9x1072 min™ vs. kobsioric = 11 = 3.0x10”2 min™'), suggesting an
important role of dissolved Oz in the PDS Light system with ATZ. The appreciable removal of
ATZ under anoxic condition was attributed to the degradation of ATZ by SO4* as the main
reactive species, and the higher rate constant under oxic condition suggested the formation of
additional reactive species. The very similar effects of scavengers on the degradation of ATZ
in both oxic and anoxic conditions, except for the much minor inhibitory effect of SOD under
anoxic condition, further supports the role of O in the PDS light system with ATZ.

To solidify the results, the impacts of scavengers themselves on the decay of PDS under
light were examined under both oxic and anoxic conditions (Figure S4). No impact was
observed for MeOH, TBA, and SOD on the decay of PDS. However, accelerated decay of PDS
in the presence of L-his was noticed, suggesting that PDS can be directly consumed by L-
his. 64195 Therefore, the hindered degradation of ATZ by PDS in the presence of L-his could be

attributed to lower PDS concentration and/or simultaneous quenching of SO4*", *OH and '0..
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Figure 8. Effects of different scavengers on the degradation of ATZ by PDS Light under (a)
oxic and (b) anoxic condition ([ATZ]o = 10.0 uM, [PDS]o = 5.0 mM, [Na;HPO4] = 10.0 mM,
[scavenger]o = 0.5 M, pHo = 7.0, T =25 °C).

Overall, the quenching experiments inferred substantial roles of SO4* and O>*,
whereas the role of 0> remains questionable. The importance of nonradical 'O, has been
suggested in a few recent studies,''®!% however, this postulation was often not well-
substantiated, making the role of 'O2 a contentious issue in PDS-based AOPs. More direct
evidence is needed to determine the role of 'O, in the PDS Light system in the presence of ATZ.

EPR spectroscopy was used to detect the four reactive species in the PDS system with
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ATZ. 1t is clear that signals of both DMPO-SO4* and DMPO-OH® adducts were observed in
PDS Light with ATZ (Figure 9a). It should be noted that in addition to the reaction between
*OH and DMPO, DMPO-OH®* adduct can also be formed via a nucleophilic substitution
between DMPO-SO4°* and hydroxide ion (OH").!7-1%8 The fast transformation from DMPO-
SO4°* to DMPO-OH?* is the reason why DMPO-SO4*" is rarely detected alone. The quenching
study and EPR measurements together strongly suggest the dominant role of SO4°*" in the
degradation of ATZ in the PDS Light system. Consistent with the quenching study, clear signals
of DMPO-0,* and TEMPO were observed under oxic condition, but both of them disappeared
under anoxic condition (Figure 9b-c¢), indicating that the production of O,* and 'O in PDS
Light strongly relied on O». In order to further confirm the role of 'Os, the degradation of ATZ
was repeated with D>O as the solvent. The pseudo-first-order rate constant for ATZ degradation
by PDS Light in DO was more than 2.5 times higher than that in water, whereas the effect of
D,0O was negligible for PDS Dark (Figure S5). Together, our study provides deterministic
evidence for the participation of 'O, in the degradation of ATZ by PDS Light, and dissolved
O, is a critical factor in the formation of 'O». The non-detection of EPR signals in PDS Dark

(Figure 9) further confirms the direct oxidation of ATZ by PDS in dark (Figure S2).
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To further understand the mechanisms of ATZ breakdown in the PDS Light system,
the degradation intermediates of ATZ by PDS in dark and under light in oxic condition were
identified (Table S2, Figure S6), and possible degradation pathways were illustrated (Figure
S7). It has been suggested that electron transfer is the primary reaction pathway between SO4*"
and electron-rich aromatic compounds,'*®!¢170 and in the case of ATZ, de-alkylation of the N-
ethyl group on the side chain is widely accepted as the prevalent degradation pathway.!-171:172
Based on this, a reaction mechanism between SO4*" and ATZ has been proposed,'®® which
reasonably justified the dominance of de-ethylation, accompanied by the release of O>*" (R11-
R14). The slightly enhanced decay of PDS with the presence of ATZ under light (Figure Sb)
may also be attributed to this mechanism. Overall, SO4*” was the dominant reactive species for

ATZ degradation under the anoxic condition, whereas both SO4* and 'O, contributed to ATZ

degradation under the oxic condition (Figure 10).

SOs* + ATZ —> [ATZ]** + SO4* (R11)
[ATZ]** — [ATZ]*+H" (R12)
[ATZ]®* + O, — [ATZ-O-0°] ki3 =3.0x10° M5! (R13)
[ATZ-O-0°] — 0O2*7/ HO2* + products (R14)
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The initial step involves the one-electron oxidation of ATZ by SO4* to yield an ATZ
radical cation ([ATZ]*") (R11). After losing a proton either from the ethyl N-atom or the
isopropyl N-atom on the side chain, the [ATZ]** is expected to transform to two N-centered
radical forms ([ATZ]®) that are at equilibrium with each other (R12). The unpaired electron
either sits on the N-atom of the N-ethyl or the N-isopropyl group. Under the catalysis of water
molecule, a 1,2-H shift can occur on the N-centered radicals, similarly to the 1,2-H shift of
alkoxyl radicals, to produce C-centered radicals, with the unpaired electron shifting onto the
nearest aliphatic C-atoms followed by the addition of a H-atom to the N-atom. Following that,
the C-centered radicals can readily react with O; to form peroxyl adduct (k = 3x10° M!-s)
(R13)'"3 and then release O>*" or hydroperoxyl radical (HO*) (R14). Consequently, a double
bond can be formed between the N- and C- atom, which can be broken via hydrolysis to
produce 2-chloro-4-amino-6-isopropylamino-1,3,5-triazine (DEA) or 2-chloro-4-ethylamino-
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6-amino-1,3,5-triazine (DIA) (Table S2). the H-atom on the N-ethyl group is more likely to
deprotonate due to the higher acidity of the H-atom on the N-ethyl group than that on the N-
isopropyl group, which favors the formation of C-centered radicals and subsequent reactions.®!
Therefore, formation of DEA might be more favorable than DIA. According to the oxidized
products, the signal intensities of DEA and DIA were almost 10 times higher than the other
products (Figure S6), consistent with the proposed mechanisms. In addition to SO4*", DEA and
DIA can also be produced via the reaction between 'O, and ATZ. An Alder-ene reaction could
be initiated by '02, followed by hydrogen-abstraction, hemi-aminal ring opening, and imine
hydrolysis, to degrade ATZ to DEA (Figure S8).'"* Similar pathway could also occur on the
other side chain to form DIA. Overall, the reaction mechanisms mentioned above agreed well
with the results of our quenching experiments and EPR spectra. It can be concluded that when
ATZ is present, the SO4°*” produced by PDS Light reacts rapidly with ATZ and might be the
most dominant reactive species that contributes to the degradation of ATZ. The formation of
*OH is expected to be limited. Generation of [ATZ]*" as a result of ATZ oxidation by SO4*" led
to the production of O,°* in the presence of O> (R11-R14). The slightly enhanced decay of PDS
with the presence of ATZ under light (Figure 5b) may also be attributed to this mechanism.
Overall, SO4°*" was the dominant reactive species for ATZ degradation under anoxic condition,
whereas both SO4*~ and 'O, contributed to ATZ degradation under oxic condition.

To verify the mechanisms discussed above, presence of H>O» in PDS Light under oxic
and anoxic condition was determined (Figure S9). Under oxic condition, slight absorption at
~453 nm suggested that only a small amount of H,O, was produced, possibly as a byproduct
of R10a-b in addition to 'O>. Moreover, the negligible absorption between 400 and 500 nm
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under anoxic condition is expected, because formation of H>O; in presence of ATZ is very
unlikely when R2 and R13 are hindered.

To gain more understanding on the PDS utilization efficiency under visible light,
corresponding RSE was calculated. Overall, the average RSE for PDS Light was less than 1.0%,
which was lower than reported values in literature.!”>!7® This could be ascribed to the relatively
high initial concentration of PDS (5 mM) and low initial concentration of ATZ (10 uM), which
are unfavorable for a high RSE.!7® Scavenging of SO4*" by co-present inorganic anions (e.g.

phosphate) could be another reason of low RSE which requires additional investigation.

Conclusions

Our study confirmed the activation of PDS by visible light to generate reactive radical and
nonradical species that accelerate the degradation of organic pollutants. Significantly, the
underlying mechanisms that contribute to the formation of reactive species were found to be
highly pollutant-dependent. As shown in our study in the absence of ATZ, EPR spectra
indicated that all four reactive species (SO4*, *OH, O,°* and 'O2) can be produced, with H>O»
and O2* serving as key intermediates and precursors for !Oz. In the presence of ATZ, SO4*
was rapidly consumed, and generation of *OH was largely inhibited. Quenching study and EPR
spectra revealed the formation of O>* and 'O, in the PDS Light system with ATZ, but only in
the presence of Oy. This is in contrast to the PDS Light system without ATZ, in which the
dissolved oxygen plays a minor role in the formation of O,*" and 'O>. In addition to SO4°*" as
the dominant reactive species, the crucial role of 'O, in the degradation of ATZ could be

inferred by the higher degradation rate of ATZ and the stronger EPR signal in D2O. Therefore,
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in the PDS Light system with ATZ, a combined radical and nonradical pathway together
contribute to the removal of ATZ. This study is noteworthy because it highlights for the first
time the direct PDS activation by visible light without any catalyst, and conclusively
demonstrates the significant roles of both radical and non-radical mechanisms in the PDS Light
system with ATZ. In this system, the presence of O is critical for the nonradical pathway. In
natural water, many water constituents such as inorganic anions could further complicate the
system because many of them are radical quenchers or can be activated to generate new radicals.
Their roles in the breakdown of ATZ and other environmental pollutants in the PDS Light
system will be investigated in future studies. Importantly, the removal efficiency of different
pollutants varied appreciably, which could be due to their unique molecular structures. Further
studies are needed to unveil the underlying reaction mechanisms between these pollutants and

PDS under different environmental conditions.
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CHAPTER Il

ACTIVATION OF PEROXYMONOSULFATE BY PHOSPHATE AND CARBONATE
FOR THE ABATEMENT OF ATRAZINE: ROLES OF RADICAL AND NON-

RADICAL SPECIES*

Introduction

Owing to the increasing usage of synthetic chemicals in society, there has been a growing
demand for effective technologies to remove released chemicals in natural waters.'*¢ Sulfate
radical (SO4°*’)-based advanced oxidation processes (AOPs) have attracted tremendous
interests because of the strong oxidizing capability of SO4* (E° = +2.5-3.1 Vug).*
Peroxymonosulfate (HSOs", PMS) is a common precursor for SO4°” which can be activated via
either energy-transfer or electron-transfer processes.®’ Since the peroxide bond in PMS is
asymmetrical and polar, it is more effectively cleaved via electron-transfer.’” As a result, a
considerable amount of studies have been performed on the activation of PMS by
heterogeneous catalysts such as metal oxides with reduced transition metals and carbonaceous
materials containing electron-donating groups.!””"'” Roles of different reactive species such
as SO4*", hydroxyl radical (*OH), super?oxide (O2*), and singlet oxygen ('O2) in pollutant
removal have also been investigated. Comparatively, the roles of the reactive species in a
homogeneous system (i.e., without catalysts) are not fully comprehended.

PMS is often added as a pre-treatment chemical or “shock oxidizer” in swimming pools to

remove pharmaceuticals and personal care products (PPCPs) and other organic matters so that

“Reprinted with permission from: Activation of peroxymonosulfate by phosphate and carbonate for the abatement of
atrazine: Roles of radical and non-radical species. Wen, Y., Sharma, V.K., Ma, X., 2022. ACS ES&T Water. 2, 635-643.
Copyright 2022 American Chemical Society.
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free chlorine can effectively disinfect the water.!**!3° Surprisingly, the chemistry of PMS itself
and its interaction with common background water constituents such as oxyanions have been
largely ignored. This is noteworthy because some of these water constituents are known to
scavenge various radicals. Phosphate and carbonate are ubiquitous in natural waters and are
commonly used as buffers. Therefore, in-depth studies on the effect of these two oxyanions on
PMS-based systems are critically needed. The enhancive effect of phosphate on the
performance of PMS was observed in a previous study,'®! but the underlying mechanisms have
not been reported. Studies on the effect of HCO3™ were mainly conducted in the presence of
catalysts or focused on how HCOj3™ scavenges SO4* and *OH to form secondary reactive
species. 82183 Potential interactions between HCO3™ and PMS in a homogeneous system were
not studied.

Singlet oxygen ('0) can be produced via the spontaneous decomposition of PMS and has
been concluded as a primary reactive species in several recent PMS-based studies.'®*1%
However, substantiating the role of 'O» requires more solid evidence than results from
quenching studies because many quenchers (e.g., L-histidine and azide) and probe molecules
(e.g., furfuryl alcohol) can deplete PMS without producing any reactive species.'*!!** Some of
these compounds also react much faster with SO4*" than with '0,.!'*!16 Furthermore, the
detection of 'O using spin trapping agent in electron paramagnetic resonance (EPR) technique
could also be inconclusive.®” Therefore, the role of !0, in a PMS system needs further
clarification. Finally, PMS itself is a strong oxidant and direct reaction between PMS and
various environmental pollutants has been reported.'®*!%¢ Consequently, the contribution of

direct PMS contaminant reactions in contaminant removal needs greater attention.
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This study had the following objectives: (i) investigate the interactions between two common
anions (phosphate and carbonate) and PMS and their impacts on the degradation of atrazine
(ATZ) by PMS, (i) unveil the main reactive species involved in the degradation of ATZ and
determine the contributions of radical and non-radical pathways, (iii) evaluate the influence of
temperature on the degradation of ATZ by PMS in water, and (iv) demonstrate the removal of

ATZ in river and lake water by PMS.

Experimental Section

Chemicals and Materials

Potassium peroxymonosulfate (Oxone, KHSOs-0.5 KHSO4:0.5 K2SO04, > 99.0%) and tert-
butanol (TBA) anhydrous (> 99.5%) were obtained from Sigma-Aldrich (St. Louis, USA).
Sodium phosphate dibasic anhydrous (> 98.0%), sodium bicarbonate (> 99.0%), potassium
iodide (99.0%), sodium hydroxide (= 97.0%), sulfuric acid (98.0%), sodium thiosulfate
(99.0%), 5,5-dimethyl-1-pyrroline N-oxide (DMPO, > 98.0%), superoxide dismutase (SOD,
3500 U/mg) were obtained from Thermo Fisher Scientific (Waltham, USA). Atrazine (ATZ, >
97.0%) was purchased from TCI America (Portland, USA). Methanol (MeOH, reagent grade)
was obtained from VWR Chemicals (Radnor, USA). Ammonium metavanadate (99.5%) and
2,2,6,6-tetramethyl-4-piperidine (TEMP, 99%) were obtained from ACROS Organics
(Waltham, USA). Deuterium oxide (D20, 99.8%) and L-histidine (L-his, > 98.0%) were
obtained from Alfa Aesar (Haverhill, USA). Ultrapure deionized water (>18.2 MQ-cm)
produced by a Millipore Milli-Q Direct 8 system (Millipore Sigma, Burlington, USA) was used

as a solvent in all solutions unless specified otherwise. Oasis HLB cartridges (WAT106202, 6
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cc/200 mg) were obtained from Waters (Milford, USA). Quartz EPR tubes (2 mm and 4 mm)
were obtained from Wilmad Labglass (Vineland, USA). Natural surface water samples were
collected from Lake Bryan (N 30°33°30”, E 96°25°25”, Bryan, Texas) and Brazos River (N
30°42°33”, E 96°28°5”, College Station, Texas). Neither ATZ nor PMS were detected in these

water samples.

Degradation of atrazine by PMS in presence of phosphate

The experiments were performed in 40 mL glass vessels. The reaction solutions were
constantly stirred at 300 rpm, and the temperature was maintained at 25 £ 0.5 °C. The initial
concentrations of ATZ and PMS were 10.0 uM and 5.0 mM, respectively. 10.0 mM phosphate
was used to control the initial pH at 7.0 = 0.2. 1.0 mL of sample was collected at various time
points (t=0, 1,2, 3,4, 5, 10, 20, 30, 60, 90, 120, and 240 min). 20 uL of 5.0 M sodium thiosulfate
was added immediately to quench oxidative reactions after sample withdrawal. The ATZ
concentration in each sample was measured with a Dionex UltiMate 3000 high-performance
liquid chromatograph (HPLC) (Sunnyvale, USA) with a Restek C18 column (4.6 x 250 mm, 5
um). The mobile phase was composed of methanol and water (60/40, v/v) at a flow rate of 1.0
mL/min. The column temperature was set at 30 °C. The degradation of ATZ was also repeated
in deuterium oxide (D20) under the same experimental conditions. The concentration of PMS
was determined spectrophotometrically via a modified iodometric titration method.'®” The
initial and final pH in each tube were measured using an Accumet AE150 pH meter (Westford,
USA). The effect of temperature on the degradation of ATZ in presence of 10.0 mM phosphate
buffer was performed at 10, 25, 40, and 55 °C, with the initial pH at 7.0.
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Identifying reactive species in the degradation of ATZ by PMS/phosphate solution

The main reactive species involved in the degradation of ATZ by PMS were identified
through quenching. Methanol (MeOH) was used to quench both SO4* (k= 1.0x10" M!-s7) 158
and *OH (k = 9.7x10% M1-s1), 15 whereas tert-butyl alcohol (TBA) was used to selectively
quench *OH (k(*OH) = 4.8x10%® M'-s! vs. k(SO,*) = 8.4x10° M1-s1).113138 Superoxide
dismutase (SOD) was added to quench O>* (k = 2.8x10° M!-s1),!%! and L-histidine (L-his)
10, (k=9.0x10" M!-s71).112 The concentration of MeOH, TBA, and L-his was 0.5 M, and the
concentration of SOD was 50 U-ml!. To investigate the impact of oxygen, purified N, gas was
used to purge the system for 10 min before the quenching experiments, which lowered the
dissolved oxygen levels to about 0.12 mg/L. The tubes were immediately capped and then
sealed with parafilm to maintain an anoxic environment throughout the reaction. ATZ
concentrations in samples taken at t=0, 5, 10, 30, 60, 120, and 240 min were measured using
HPLC. The degradation of ATZ by PMS and the corresponding decay of PMS were monitored
with and without 10.0 mM phosphate buffer to investigate the effect of phosphate buffer. The
initial pH was controlled at 7.0 + 0.2 in vials without phosphate buffer. To investigate the direct
reaction between PMS and ATZ, the initial concentration of ATZ was increased to 5.0 mM

(same as PMS).

Electron paramagnetic resonance (EPR) spectroscopy measurements
A Bruker Elexsys ES00 EPR, equipped with both a standard resonator and a CoolEdge
cryo system (Billerica, USA) was used to identify different reactive species. The EPR
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measurements were performed under the following instrument settings: 20.0 mW microwave
power, 9.8 GHz microwave frequency, 1.00 G modulation amplitude, 100 kHz modulation
frequency, 150 G sweep width, 3515 G center field, and 40.0 s sweep time. The concentration
of 5,5-dimethyl-1-pyrroline N-oxide (DMPO) as the spin trapper for SO4°*" and O»* was 50.0
mM. For '0,, 50.0 mM of 2,2,6,6-tetramethyl-4-piperidine (TEMP) was used. The EPR
measurements for SO4°*", 02, and 'O were all conducted in 1:1 mixture of 10.0 mM phosphate
buffer in ultrapure water and acetonitrile. In order to detect the signal of DMPO-0*, 0.2 M
MeOH was added to quench the formation of DMPO-*OH and DMPO-SO4°". A syringe needle
was used to load the reaction solution into a 2 mm quartz EPR tube and then placed into a 4

mm quartz EPR tube and measured by EPR.

Detection of Hydrogen Peroxide (H203)

H>0O» was determined with a previously reported spectrophotometric method based on the
reaction between H>0, and metavanadate under acidic medium.'” The red-orange
peroxovanadate formed from the reaction was detected with an ultraviolet-visible-near infrared

(UV-Vis-NIR) spectrophotometer (Hitachi U-4100) at 450 nm.

Effect of carbonate
Similar experiments as described in section 2.2. to 2.5 were also performed to determine
the effect of carbonate in PMS solution. The initial concentration of carbonate in the form of

HCO3 was fixed at 1.0, 5.0 and 10.0 mM.
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Determining degradation metabolites of atrazine

To analyze the oxidation products of ATZ by PMS, 50.0 mL of sample was collected
after 30 min of reaction from PMS with and without phosphate buffer, followed by solid-phase-
extraction (SPE). Briefly, the Waters Oasis HLB cartridges (WAT106202, 6 cc/200 mg) were
first conditioned with 5.0 ml of methanol and 5.0 ml of ultrapure water, respectively. After
conditioning, the cartridges were loaded with 50.0 ml of samples containing ATZ and its
degradation metabolites. They were then dried under medium vacuum (10-20 mmHg) for 10
minutes. The final products adsorbed on the cartridges were eluted with 2.0 ml of methanol.
Untargeted liquid chromatography high resolution accurate mass spectrometry (LC-HRAM)
analysis was performed on a Q Exactive Plus orbitrap mass spectrometer (Thermo Fisher
Scientific, Waltham, USA), coupled to a binary pump UltiMate 3000 HPLC to identify the

oxidation products of ATZ.

Applicability of PMS to surface water

The feasibility of PMS to degrade ATZ was tested with surface water samples collected
from Brazos River and Lake Bryan near College Station, TX. 10.0 uM ATZ and 5.0 mM PMS
Were added to the water, but no buffer was added. Neither PMS nor ATZ was detected in the

surface water samples.

Data Analysis
The degradation kinetics was fitted with pseudo-first-order model. One-way analysis of
variance (ANOVA) was used to determine the statistical differences among the pseudo-first-
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order rate constants of ATZ degradation in H>O and D;O. Different letters in the figures
represent significant differences (p <0.05) according to one-way ANOVA, followed by Tukey’s

test.

Results and Discussion

Degradation of ATZ by PMS in presence of phosphate

Phosphate significantly enhanced the degradation efficiency of ATZ by PMS (Figure 11a).
Complete removal of ATZ was achieved within 90 min in the presence of 10.0 mM phosphate.
Without phosphate, the removal of ATZ was incomplete (i.e., ~80%) even after 240 minutes.
The observed pseudo-first-order reaction rate constant (kobs) (4.4 £ 0.3 x 102 min') with
phosphate was over four times of that without phosphate (koss=0.97 £ 0.05 x 102 min™). The
results suggested that higher amounts of reactive species were generated when phosphate was
present. Phosphate-catalyzed PMS activation was likely the reason because the decay of PMS
was significantly higher in presence of phosphate (Figure S10). The results agreed with a
previous study that showed the formation of SO4*” in a PMS/phosphate system based on density
functional theory (DFT) calculation. '

Owing to the wide fluctuation of temperature in natural waters, the effect of temperature
on the degradation of ATZ by PMS in phosphate buffer was investigated. The degradation
efficiency of ATZ substantially accelerated at higher temperatures (Figure 11b). The
corresponding pseudo-first-order rate constants at different temperatures are listed in Table S3.
The calculated activation energy (E.) for the degradation of ATZ by PMS was 136.2 + 7.8

kJ-mol! (Figure S11), which is markedly higher than PMS systems with a heterogeneous
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catalyst (~20-60 kJ-mol™).!7818
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Figure 11. Degradation of ATZ (a) with and without phosphate (JATZ]o = 10.0 uM; [PMS]o =
5.0 mM; [NaHPO4] =0 or 10.0 mM; pHo=7.0; T =25 °C) and (b) under different temperatures
([ATZ]o = 10.0 uM; [PMS]o = 5.0 mM; [NaHPO4] = 10.0 mM; pHo= 7.0; T = 10, 25, 40,

55 °C).

Radical species in presence of phosphate - quenching study

Quenching experiments were performed to determine the roles of four possible reactive
species. The insignificant effect of SOD suggested that O>* was not involved in the degradation
of ATZ (Figure 12a). Dissolved oxygen (O2) can serve as a key precursor for O,*, and results
shown in Figure 12b suggested no role of O»* in degrading ATZ in presence of phosphate.

The degradation of ATZ was significantly impeded by MeOH, while TBA displayed very little
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impact (Figure 12a), suggesting that SO4°* was formed from the interaction between phosphate
and PMS and was likely the primary radical for the degradation of ATZ. The transformation
from SO4°* to *OH (k(SO+*,0H) = 1.4x10” M'-s™) is unlikely due to the significantly faster
reaction between SO4* and ATZ (k(SO4*,ATZ) = 2.8-4.2x10° M"1-g71) 136154

L-his showed the strongest inhibitory effect on ATZ degradation (Figure 12a-b). However,
while L-his is often considered as a 'O, quencher, it can also react rapidly with SO4* (k(L-
his/SO4*) = 2.5%10° M'-s1).114 In fact, the rate constant is two-orders of magnitude higher
than that between MeOH and SO4*". Furthermore, L-his can rapidly consumes PMS without
forming any reactive species (Figure S12).1%* Therefore, the quenching study with L-his was
inconclusive. To further unravel the role of !O», degradation experiments were conducted using
deuterium oxide (D20) as a solvent. 'Oz has a longer life time in D20 than in water due to its
slower decaying rate.®” Therefore, ATZ degradation would be more efficient in DO if 'O, was
involved. Interestingly, the decay of ATZ in D>O was similar to that in H,O (Figure 12¢),

suggesting that 'O, had almost no role in the degradation of ATZ in the PMS system.
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Figure 12. Degradation of ATZ by PMS in the presence of scavengers under (a) oxic and (b)
anoxic conditions, and (¢) in H,O and DO ([ATZ]o = 10.0 uM; [PMS]o = 5.0 mM;
[scavengers]o = 0.5 M; [Na,HPO4] = 10.0 mM; pHo= 7.0; T = 25 °C).
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Direct measurement of reactive species

EPR spectroscopy was employed to provide further evidence on the formation of reactive
species in the degradation of ATZ by PMS. No signal was detected in the PMS system without
phosphate (Figure 13a-c). However, in the presence of phosphate, the formation of SO4°*" was
confirmed by the signals of DMPO-SO4* adduct, (Figure 13a). The 1:2:2:1 peak signal of
DMPO-*OH was also observed but did not explicitly suggest the presence of *OH because
DMPO-S04°* could undergo rapid nucleophilic substitution with H>O or OH™ to form DMPO-
*OH.'% The signal of DMPO-SO4*" confirmed our suggestion that phosphate can catalyze the
activation of PMS to produce SO4°".

Surprisingly, the signal of DMPO-0O,* was also observed (Figure 13b), which was
unexpected based on the quenching experiments (Figure 12a-b). The formation of O2*" could
be attributed to the reaction between ATZ and SO4°*. This reaction could generate an ATZ
radical cation ([ATZ]*"), which can undergo a series of transformation to form a carbon-
centered ATZ radical ([ATZ]®) and be converted to a peroxyl adduct ([ATZ-O-0O°]) in presence
of dissolved 0,.">* Subsequently, the [ATZ-O-0°] adduct can release a O,*" or hydroperoxyl
radical (HO;®*) and produce 2-chloro-4-amino-6-isopropylamino-1,3,5-triazine (DEA) as a
major degradation metabolite via de-ethylation.

The formation of 'O, was also explored by the characteristic peak signal of 2,2,6,6-
tetramethyl-1-piperidinyloxyl (TEMPO), or TEMP-!0> adduct, in the presence of phosphate
(Figure 13c¢). The higher signal intensity in D,O suggested the formation of 'O, which could
be ascribed to the oxidation of O2*" by SO4°*" (R7) and spontaneous disproportionation of O2*
(R10a-b). 138141
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Figure 13. EPR spectra of (a) DMPO-SO4*", (b) DMPO-0:*", and (¢) TEMP-'0; for PMS with
and without phosphate buffer (abbreviated as Phos.) ([PMS]o = 5.0 mM; [DMPO] = [TEMP]
= 50.0 mM; [Na;HPO4] = 0 or 10.0 mM; pHo= 7.0; T = 25 °C).

No H>0O; was detected in the PMS system without phosphate. However, a small peak at
451 nm was observed in presence of phosphate (Figure S13), which confirmed the detection
of H20, and the occurrence of Eqs.2a-b.!?> The self-decay of PMS may also produce 'O..
However, this reaction requires complete deprotonation of PMS and is inefficient at neutral pH.
Overall, EPR measurements confirmed that PMS was activated to form SO4°*" in the presence
of phosphate, and SO4° can subsequently generate O>*" and 'O, via the reaction with ATZ
under oxic condition. However, 0>* and 'O did not contribute to ATZ degradation in the PMS
system, according to the quenching experiments and the rate constants of ATZ degradation in

D-0.

Degradation of ATZ by PMS in absence of phosphate

The degradation of ATZ by PMS in the absence of phosphate is shown in Figure 14. Both
chemicals decayed faster in the presence of each other, suggesting that ATZ could be directly
oxidized by PMS. The result agrees with the literature that PMS can directly oxidize various
aromatic compounds without the involvement of reactive species.!¢*!% Putting together, our
results showed that the degradation of ATZ by PMS in presence of phosphate was caused by
both SO4* and direct reaction with PMS. The rate constants of ATZ degradation with and
without phosphate buffer (i.e., 4.4 £ 0.3x102 min™! versus 0.97 £ 0.05x102 min™") were applied
to R15-16 to estimate the relative importance of these pathways. The results suggested that

SO4* and direct PMS oxidation accounted for approximately 78 % and 22% of ATZ
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degradation, respectively. This estimate could be further supported by the quenching study

(Figure 12a). The SO4* was effectively quenched by MeOH because the reaction rate

(k(MeOH,S0+*)-[MeOH]-[SO4°*]) was more than 200 times higher than the reaction rate

between SO4* and ATZ (k(ATZ,SO+*)-[ATZ]-[SO4*]). In the absence of phosphate, the

degradation of ATZ is solely through the direction reaction between ATZ and PMS. Based on

the rate constants of ATZ degradation with and without MeOH (1.1 + 0.2 x 10”2 min™! versus

4.4 £ 0.3 x102 min!) (Figure 12a), SO4*" and direct PMS oxidation accounted for ~75% and

~25% of ATZ degradation, respectively, similar to the earlier estimate.

[ATZ]
in [ATZ]o = —(kso;,arz + kpus.arz) - t

kSO'4_,ATZ __ Fraction of ATZ degraded by SO,
kKpmsaTz ~ Fraction of ATZ degraded by PMS

ODecay of PMS alone @ Decay of PMS w. ATZ
< Decay of ATZ alone ¢ Decay of ATZw. PMS

1.0@5 o o o
s fe® S o,
r _

S 06 - ¢ . * .

0.4 - o

: o

0.2 -

0.0 -

0 50 100 150 200

Time, min

250

(R15)

(R16)

Figure 14. The decay of PMS and ATZ with and without the presence of each other ([ATZ]o =

[PMS]o = 5.0 mM; no phosphate buffer; pHo= 7.0; T =25 °C).

Degradation metabolites of ATZ by PMS

To determine the degradation pathways of ATZ by PMS with and without phosphate, the
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possible OPs were identified (Table S4, Figure S14). Two pathways are proposed based on the
OPs. Pathway 1 was likely the only pathway for ATZ degradation in absence of phosphate,
while both pathway 1 and 2 were possible in presence of phosphate. In pathway 1,
hydroxylation can be initiated by PMS, in which the H-atom in the amino-ethyl side chain can
be substituted by an -OH group to form CNIT (m/z 232), consistent with literatures (Figure
15).18619 CNIT can be directly oxidized by PMS to produce CDIT (m/z 230) via alkylic-
oxidation, and then de-isopropylation can occur on the electron-rich amino-isopropyl group in
CDIT to form CDAT (m/z 188). In presence of phosphate, the same three OPs were also
detected, but four additional OPs suggested an alternative degradation pathway was triggered
by SO4°" (Figure 15). In pathway 2, H-abstraction as a favorable reaction for SO4°*" can occur
in the amino-ethyl side chain to produce CVIT (m/z 214) and then DEA (m/z 188) via de-
ethylation. The highest signal intensity of DEA (Figure S14) as a major degradation OP also
supported the release of O2*" from [ATZ-O-O°] that we proposed. Subsequently, DEA can
undergo de-isopropylation and dichlorination-hydroxylation to form DEIA (m/z 146) and
DEHA (m/z 170), respectively. Overall, the distinctive OPs and corresponding degradation
pathways in the PMS system with and without phosphate agreed well with our conclusion that

SO4* and direct PMS oxidation contributed jointly to the degradation of ATZ.
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Figure 15. Two proposed degradation pathways of ATZ by PMS with and without phosphate.

Degradation of ATZ by PMS in presence of carbonate

HCOs™ is the predominant carbonate species at pH 7.0. Similar to phosphate, HCO3"
markedly promoted the degradation of ATZ by PMS (Figure 16a, Table S5). The values of kobs
for the degradation of ATZ increased from ko = 0.97 = 0.05 %10 min? without HCO3 to 1.1
+£0.2 102 min?, 2.2+ 0.2 X102 min?, and 3.2 £ 0.3 <102 min in presence of 1.0, 5.0, and
10.0 mM of HCOg', respectively (Figure 16a). The final pH of the reaction solutions with 1.0,
5.0, and 10.0 mM HCOs was changed to 7.2, 7.5, and 7.8, respectively, in 240 min. The values
of ko»s had a nearly linear relationship with HCO3™ concentration (r> = 0.99) (Figure S15),
suggesting that HCOs™ was largely responsible for enhancing ATZ degradation. To further
examine the role of HCO3, the decay of PMS in presence of 10 mM HCOs3™ was monitored
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(Figure 16b). The decay of PMS increased with the increasing concentration of HCOs,
indicating that HCO3™ promoted the degradation of PMS (Figure 16b). However, the decay of
PMS in presence of 10 mM phosphate was slightly faster than in presence of 10 mM HCO3"
(Figure 11b versus. Figure 16b). A possible explanation is that HCO3™ is a weaker nucleophile

than phosphate due to the higher electronegativity of C (~2.55) than P (~2.19).
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Figure 16. (a) Degradation of ATZ by PMS and (b) decay of PMS in presence of HCO3"
([ATZ]o = 10.0 uM; [PMS]o = 5.0 mM; [HCO57]o =0, 1.0, 5.0, 10.0 mM; pHo=7.0; T = 25 °C);
(c) effects of various quenchers on the degradation of ATZ by PMS in presence of 10 mM
HCOs™ ([ATZ]o = 10.0 uM; [PMS]o = 5.0 mM; [HCO37]o = 10.0 mM; [quencher]o = 0.5 M;
pHo=7.0; T =25 °C), and (d) EPR spectra of SO4°*" for PMS in presence of HCO3™ ([PMS]o =
5.0 mM; [DMPO] = 50.0 mM; no phosphate buffer; [HCO37]o = 10.0 mM; pHo=7.0; T =25 °C).

Quenching experiments were performed in presence of 10 mM HCO3™ to determine the

main reactive species involved. The effect of MeOH and negligible effect of TBA on the
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degradation of ATZ suggested the primary role of SO4°* (Figure 16¢). L-his exhibited the
strongest hindering effect (Figure 16¢). However, lack of solvent isotope effect in DO
suggested minimal involvement of !0, in ATZ degradation. (Figure S16).

The results of quenching experiments were confirmed by EPR. No EPR signal was
observed in PMS alone (Figure 16d). However, clear signals of DMPO-SO4*", DMPO-*OH,
DMPO-0,* and TEMP-'0, were detected in presence of 10 mM HCOs", indicating similar
pathways to produce reactive species as in presence of phosphate (Figure 16d, Figure S17).

Finally, the contribution of direction reaction of PMS with ATZ in the degradation of
ATZ in presence of carbonate ion was calculated. The rate constants of ATZ degradation with
and without 10 mM HCOs™ are 2.6 + 0.3x102 min™' and 0.97 + 0.05%10 min’', respectively
Based on Egs.3-4, SO4°*" and direct PMS oxidation accounted for 63.0% and 37.0% of ATZ
degradation in Figure 16a, respectively. Based on the rate constants of ATZ degradation with
and without MeOH (0.79 + 0.04 x 102 min™ versus 2.6 £ 0.3 x10 min), SO4* and direct
PMS oxidation accounted for 69.8% and 30.2% of ATZ degradation, respectively in

degradation of ATZ (Figure 16b), The two estimations agreed reasonably well with each other.

Applicability of PMS to remove ATZ in surface water

To investigate the effectiveness of PMS system in treating actual water, the degradation of
ATZ was performed with water collected from Lake Bryan and Brazos River near College
Station, TX. The initial pH of the lake water and river water after adding ATZ was 9.22 and
8.44, respectively. The dissolved organic carbon (DOC) in the lake and river water were 15.64
+ 0.27 mg/L and 12.95 + 0.16 mg/L, respectively.!”! Appreciable degradation of ATZ was

54



observed by PMS in both water (Figure 17, Table S6). The kos of ATZ degradation was
estimated to be 6.3 = 0.4>10" min in lake water and 7.3 + 0.5%10" min* in river water. The
efficient degradation of ATZ in tested natural waters by PMS suggested the applicability of

PMS-enabled degradation of ATZ in actual waters.
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Figure 17. Degradation of ATZ by PMS in water samples of Lake Bryan and Brazos River
([ATZ]o =10.0 uM; [PMS]o = 5.0 mM; no phosphate buffer; pHo = 9.22 and 8.44 for lake water
and river water, respectively; T =25 °C).

Conclusions

In conclusion, we demonstrated that both phosphate and carbonate enhanced the
degradation of ATZ at pH 7.0 by activating PMS to produce SO4°*". The reaction between SO4*
and ATZ was a dominant pathway for ATZ degradation, whereas the direct oxidation of ATZ
by PMS also contributed. In presence of dissolved oxygen, O2* and 'O, were also produced
via the reaction between SO4°” and ATZ, but they had no role in ATZ degradation. Increase in
temperature remarkably promoted the degradation of ATZ by PMS. PMS also effectively
removed ATZ in lake and river water, exhibiting high potential of PMS in water treatment. We

believe that a deeper understanding on the chemistry of PMS itself and its interaction with
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oxyanions in natural waters can provide crucial insights for a highly effective PMS system in

real application.
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CHAPTER IV
SIMULTANEOUS REMOVAL OF NITRATE AND ARSENATE BY VISIBLE LIGHT

ACTIVE ZINC FERRITE/ZERO-VALENT IRON NANOCOMPOSITE

Introduction

Oxyanions such as arsenate, nitrate, chromate, and selenite are among the most toxic
contaminants and are serious threats to freshwater supply due to their high mobility.'*>!*3
Arsenic (As) is one of the most prevalent toxic elements in drinking water sources. According
to WHO, at least 140 million people in 50 countries have been drinking water containing
elevated As. Both geogenic (e.g. rock weathering) and anthropogenic activities (e.g. mining)
contributed to the elevated As. Arsenic in the environment exists as a mixture of organic
(primarily methylated) and inorganic species, with the dominant species depending on the
environmental pH, Eh and other co-present chemical species.'”* Among the As species,
inorganic arsenite (As (II1)) and arsenate (As (V)) are the most concerned As species because
chronic exposure to these species even at trace levels could lead to serious diseases.'”> The
maximum contaminant level (MCL) of As in drinking water in the U.S. is currently at 10 pg/L,
and discussions are underway to lower it to 5 pg/L to better protect human health. Nitrate (NO3")
is another steadily increasing oxyanion in drinking water sources due to the widespread
application of nitrogen-containing fertilizers. Long-term exposure to nitrate may lead to
adverse pregnancy outcomes, ovarian and bladder cancer, and methemoglobinemia, or “blue

baby syndrome”.!”® The MCL of nitrate in drinking water is 10 mg/L at present. More than 18

states in the U.S. suffer from severe co-contamination of As and nitrate.!*”'°® Co-existence of

57



these two oxyanions in groundwater was also reported in many Asian countries, raising global
health concerns.!”

Even though technologies are available to simultaneously remove As(V) and NOs3™ from
water, they suffer from a variety of shortcomings. For example, reverse osmosis can effectively
remove both oxyanions, but is costly and requires extensive pretreatment. Titanium oxide-
based ion exchange resin was also reported to simultaneously remove As(V) and NO3™ from
groundwater.?®” However, this technology relies on the adsorption of both oxyanions, which is
a common but less effective strategy. Anaerobic reactors containing iron and/or sulfate
reducing bacteria were shown to simultaneously catalyze the NO;3  reduction and As
precipitation through the formation of insoluble As sulfide minerals such as orpiment
(As2S3).2°! However, the cost for the anaerobic reactor is high due to the need for external
carbon source. Therefore, the need to develop an energy-efficient and cost-effective technology
to simultaneously remove both oxyanions remains high.

Photocatalysis is an appealing treatment technology because of its low cost, easy operation,
and absence of hazardous byproducts.?’?2** Upon irradiation, an electron in the valence band
(VB) absorbs light and is promoted to the conduction band (CB), creating a free electron (e.p)
and a positive hole (hiz). The electron-hole pair could migrate to the surface of the
photocatalyst and produce free radicals.®>®* Titanium and zinc oxide (TiO» and ZnO)
nanoparticles are two widely explored photocatalysts.?> However, both semiconductors suffer
from several key drawbacks including: (1) low quantum efficiency due to the fast
recombination of electron-hole pairs, and (2) narrow absorption region due to relatively wide
bandgaps (Eg= 3.2-3.37¢V).53:84.204
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Spinel ferrites with the general molecular formula of MFe;O4 is a group of n-type
semiconductors with a narrow bandgap (E; = 1.8-2.1eV), where M is a divalent transition metal
(e.g. Co, Mn, Ni, Cu, Zn etc.) substituted into the Fe>O; lattice.?’®?°” Among the common
ferrites, zinc ferrite displays one of the narrowest bandgaps (~1.92 eV) and high stability.2%2%
Zinc ferrite (ZnFe2O4 or ZnO-Fe>O3) can be considered as a cubic close-packed (or face-
centered cubic) lattice formed by O, with octahedral sites occupied by Fe and tetrahedral sites
substituted by Zn.?!? Zinc ferrite is stable in weak acidic and alkaline conditions.?!! In addition

to its well-known magnetic property,>'?

previous studies on ZnF;04 also showed its high
removal efficiency for As and many organic compounds.?!%13214 Zinc ferrite exhibited higher
adsorption capacity towards As(V) (7.68 mg/g) than other iron oxides because of the increased
surface hydroxyl groups caused by Zn?" doping.?!’ Porous zinc ferrite nanorod could
effectively produce Ha through photocatalytic reduction and remain photostable with methanol
as a hole scavenger.’!> The large adsorption capacity and high activity of photocatalytic
reduction suggest that ZnFe;O4 can be a strong candidate for the simultaneous removal of As
and NOs".

Introduction of dopants and construction of heterojunction photocatalysts are common
approaches to enhance photocatalytic activity. Dopant introduction can further reduce the
bandgap of ferrites and enhances their light harvesting, whereas heterojunction photocatalysis
can strengthen charge separation.?!®?!7 Materials commonly used to construct a heterojunction
with ferrites are either semiconductors that allow a p-n type charge transfer or supporting
materials with abundant m-conjugations that facilitate fast migration of photo-generated

electrons from ferrites.?!21%21? The photocurrent generated by a composite electrode of Fe>Os
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cores and ZnFe,O4 thin films was significantly higher than that by o-Fe>Os alone.’!! By
combining ZnFe>O4 and 0-Fe O3 as a composite material, a more effective separation of
photogenerated electron-hole pairs at the a-Fe2O3/ZnFe>O4 interface was achieved via a p-n
type heterojunction charge transfer.>!-*?* In another study, a ZnFe>O4:Fe>O3 nanocomposite
photoelectrode showed a six-fold increase of the photocurrent compared to pure ZnFe>O4 and
Fe»03, and a donor density (Ng~10'7 cm™) that was an order of magnitude higher than ZnFe,Ou4,
possibly due to the improved charge transfer.??! Despite of the outstanding photocatalytic
properties of ferrites, their potential applications in water remediation have not been explored
until recently.?!®??? Simultaneous removal of oxyanions by ferrite-based materials is very
scarce.

Zero-valent Iron (nZVI) has been a popular material for the removal of nitrate and
arsenic.??*»??* Since both ZnFe>O4 and nZ V1 offer attractive advantages in water treatment and
nZVI may function as a steady electron source, a nanocomposite synergistically integrating the
advantages of both materials could result in more effective treatment technologies. In addition,
the magnetic properties of ZnFe>O4 and nZVI could allow easy separation and regeneration of
the nanocomposite after use.

Hereby, we report a novel zinc ferrite/nano-sized zero-valent iron (ZnFe;O4/nZVI)
nanocomposite with superior performance for the simultaneous removal of NO3™ and As(V).
The primary objectives of this study were to (1) synthesize and fully characterize the
ZnFe>;04/nZVI nanocomposite and unveil the underlying mechanisms for its enhanced removal
of NO3™ and As(V) from water in comparison to ZnQO; and (2) determine the impact of various
environmental parameters on the performance of ZnFe;O4/nZVI.
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Experimental Section

Chemicals and Materials

Zinc oxide (> 99.0%), sodium arsenate dibasic heptahydrate (> 98.0%), sodium nitrate (>
99.0%), potassium phosphate dibasic (> 99.0%) and silver nitrate (> 99.0%) were purchased
from Sigma-Aldrich (St. Louis, USA). Ferric chloride tetrahydrate (99%), sulfuric acid (95.0-
98.0 w/w%), formic acid (> 99.0%), iso-propanol (HPLC grade) and p-benzoquinone (> 98%)
were purchased from Thermo Fisher Scientific (Waltham, USA). Sodium borohydride (>
95.0%) and sodium chloride (> 99.5%) were purchased from TCI America (Portland, USA).
Calcium chloride anhydrous (96% extra pure) was purchased from ACROS Organics (Waltham,
USA). Suwannee River NOM (2R101N) was purchased from International Humic Substances
Society (IHSS). Hach Nitrate TNTplus test vials were purchased from Hach (Loveland, USA).
Purified nitrogen gas (industrial grade) was purchased from AirGas (Radnor, USA). All
chemicals were used as received. All aqueous solutions were prepared using ultrapure water
(Barnstead Nanopure II system). A simulated sunlight lamp (GLBULBM1000 metal halide

bulb, 1000 W, 92,000 Im) was purchased from iPower and used as the light source.

Synthesis of ZnFe2O4/nZVI Nanocomposite

Zn0O powder was dispersed in ultrapure water and sonicated for 30 min at 20k Hz to
achieve a homogeneous dispersion. To synthesize the ZnFe;O4/nZVI nanocomposite, sonicated
ZnO dispersion was well-mixed with FeCls; solution, followed by a liquid-phase reduction
method with NaBH4 as the reductant as previously reported.?”> The entire reaction was

conducted under an anoxic condition with nitrogen gas constant purging. Since optimal loading
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for metallic doping onto nZVI was found to be <10 w/w%,*?°

the weight ratio of Zn:Fe for the
synthesis of ZnFe;O4/nZVI nanocomposite used in this study was around 7% (molar ratio 1:10).
The produced ZnFe>O4/nZ VI nanoparticles were collected by centrifuging the reaction mixture

at 10,000 rpm for 10 min. The collected nanoparticles were washed by de-oxygenated ultrapure

water and ethanol, dried in an oven at 60 °C for 10 min, and then stored in sealed glass vials.

Characterization of ZnFe>O4/nZVI Nanocomposite

The size and shape of ZnO and ZnFe;04/nZVI nano-structures were examined using a
Hitachi S-4800 field-emission scanning electron microscopy (FE-SEM) equipped with an X-
ray energy dispersive spectroscopy (EDS). The as-received ZnO powder and the synthesized
ZnFe>04/nZVI1 materials were examined by X-ray diffraction (XRD) 6-20 scans in a Bruker
D8 Advance diffractometer using Cu Ka radiation operating at 40 kV and 40 mA. The detailed
microstructural analysis was conducted using a Hitachi H-9500 high-resolution transmission
electron microscope (HR-TEM) operated at 300 kV with a point resolution of 0.18 nm and
lattice resolution of 0.1 nm. For the ZnFe>O4/nZVI nanocomposite, the crystal structure was
determined using selected-area electron diffraction (SAED) and nano-beam electron diffraction
(NBD), and the unique core-shell structure was studied using HR-TEM. The elemental
composition of the nanocomposite was determined by EDS. The chemical compositions of the
ZnO powder and the synthesized ZnFe>Os4/nZVI materials were investigated by X-ray
photoelectron spectroscopy (XPS) conducted in a Perkin-Elmer Phi 560 ESCA/SAM system
using an Al Ka excitation source (1484.6 eV). Survey scans were conducted in the 0 - 1200 eV
range using an increment of 0.5 eV and a pass energy of 100 eV and high-resolution scans were
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conducted using an increment of 0.2 eV and a pass energy of 50 eV. The UV-Vis diffuse
reflectance spectra (DRS) of ZnO and ZnFe>O4/nZVI nanocomposite were obtained using a
UV-Vis-NIR spectrophotometer (Hitachi U-4100). The photoluminescence (PL) spectra were
obtained using a spectrofluorometer (Horiba FluoroMax-4). The Brunauer-Emmett-Teller
(BET) surface area of the nanocomposite was determined by N> adsorption-desorption
isotherm measurements at 77 K on a Micromeritics ASAP 2020 high-performance adsorption
analyzer (Norcross, USA). The zeta potential and hydrodynamic size of ZnO and
ZnFe>04/nZVI1 composite at 100 mg/L and between pH 2.0-11.5 were measured using a
dynamic light scattering (DLS) instrument (Malvern Zetasizer Nano-ZS90) (Figure S18). Zeta
potential of ZnO at pH<4.0 was not measured due to its rapid dissolution. The zero-point-
charge (pHzpc) for ZnO and ZnFe>O4/nZVI were around 8.5 and 6.3, respectively (Figure
S18a). The hydrodynamic size of ZnFe;O4/nZVI ranged from 1000 to 2500 nm over the pH

range of 2.0 - 11.5 (Figure S18b).

Simultaneous Removal of NO3™ and As(V)

The experiment was conducted in 50 ml transparent glass vials with caps. Nitrate and
arsenate were introduced as NaNO3 and NaHAsO4-7H>0. The initial concentrations for NO3
and As(V) were 50 mg/L and 100 ug/L respectively, and the catalyst loading was 0.2 g/L.. Each
vessel was purged with N» and then sealed to maintain an anoxic condition. Initial pH in each
vessel was controlled at pH 7.0. Comparative experiments were performed both under visible
light and in dark for ZnO and ZnFe;04/nZVI. A UV filter film was purchased from Edmund
Optics (Barrington, USA) to block the UV light emitted from the sunlight lamp. Formic acid
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(3.5 mM) was added as a h* scavenger to inhibit the rapid recombination of e/h" pairs (Details
on next section). All vessels were shaken in an incubator shaker (New Brunswick Excella E24,
Eppendorf) at 300 rpm for 12 hours at 25°C. At termination, the mixture in each vessel was
centrifuged at 10,000 rpm for 10 min. To measure the concentrations of NOs3™ in the supernatant,
2.0 mL of samples were collected at various time (t = 0, 5, 10, 30, 60, 90, 120 min) and
measured using Hach Nitrate TNTplus test vials in a UV/Vis spectrophotometer (Lambda 35,
PerkinElmer). To measure the concentrations of total As, 1.0 mL of sample was extracted at
various time (t = 0, 30, 60, 120, 240, 360, 480, 720 min) and centrifuged at 10,000 rpm to
separate adsorbents from the solution and to collect the supernatants at each sampling point.
The total As concentration in the supernatants was measured using an inductively coupled
plasma-mass spectrometry (ICP-MS) (Nexlon 300D, PerkinElmer). The mechanism of As
adsorption on the nanocomposite was probed using an attenuated total reflection-Fourier

transform infrared (ATR-FTIR) spectroscopy (PerkinElmer Spectrum 100).

Identifying the Main Reactive Species

In order to identify the main reactive species in the simultaneous removal of NO3™ and
As(V), formic acid (FA), silver nitrate (AgNO3), iso-propanol (IPA), and p-benzoquinone
(PBQ) were used to scavenge the holes (h"), electrons (¢), hydroxyl radical (*OH), and
superoxide radical (O2*), respectively. FA was added as a h* scavenger in all groups except for
the control group. The remaining concentrations of NO3™ and As(V) were measured at t = 120

min and 720 min, respectively.
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Adsorption Kinetics and Isotherms of As(V)

The results of As(V) removal by ZnO and ZnFe;04/nZVI were fitted into both pseudo-first
and -second order adsorption kinetic models. The pseudo-first-order kinetics model was
expressed in R17:

e = ge " [1 — exp(—Kaqs * D] (R17)

where q; is the amount of adsorbate adsorbed on the adsorbent at time t (mg-g™); q. is

the equilibrium adsorption capacity (mg-g™'); kuqs is the adsorption rate constant (min™'). The

equation for pseudo-second-order kinetics and the initial adsorption rate h (mg-g'-min!) was
given in R18-19:
1 1

t
L _ 2t R18
dt  Kads'Qe? + Qe ( )

h = Kaqs - ge” (R19)

Adsorption isotherms of As on ZnO and ZnFe>O4/nZVI were conducted at a similar
condition. The initial concentrations of As(V) varied from 20, 50, 200, 500, 1000 and 2000
ug/L. All vials were stirred at 360 rpm for 24 hours to reach equilibrium. The same method
was used to measure As concentrations in the supernatants. The results were fitted into the

Langmuir and Freundlich isotherm models. Both isotherms are commonly used to describe

adsorption 22”7230 and are shown in R20-21, respectively.

__ Qmax'Ce’KL
q, = dmCets 20
qe = Cen *Kp (R21)

where Qmax is the maximum adsorption capacity (mg-g'); C. is the equilibrium
concentration of As (mg-L!); K, is the Langmuir constant (L-mg™); n and Ky are the
Freundlich constants (mg-L™!-(L-mg™)"); and C, is the initial As concentration (mg-L™!). In
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addition, a dimensionless separation factor R was calculated for the Langmuir isotherm using
R22. For an adsorption that agrees with the fundamental assumptions of Langmuir isotherm,

Rr normally falls between 0 and 1.

_ 1
T 1+K.Co

Ry, (R22)
Effect of pH

The effect of pH on the removal of the two oxyanions was investigated by titrating the
solution with H2SO4 (0.005M) or NaOH (0.01M) to an initial pH of 3.0, 5.0, 7.0, 9.0, and 11.0.
Removal by ZnO was not measured at pH 3.0 due to the rapid dissolution of ZnO at this pH.
The stability of ZnFe,O4/nZVI was determined by measuring the concentrations of Zn** and
the summation of Fe’* and Fe?" in the supernatant using an ICP-MS (Nexlon 300D,

PerkinElmer).

Effects of Ionic Strength (IS), Phosphate (PO4*) and Natural Organic Matters (NOMs)

The impact of IS on the removal of NO3™ at pH 7.0 was investigated. IS was controlled at
0, 50, 100, 150, and 200 mM, respectively, by adding NaCl or CaCl,. These values were
selected to mimic water bodies from fresh water to inland brackish water. The initial IS in the
solution was < 0.5 mM before adding NaCl and CaCl. and thus neglected. The effect of
phosphate was assessed by adding KoHPOjs at the level of 0, 1.0 and 10.0 mg/L. The initial pH
of the solutions was controlled at 7.0. Suwannee River NOM (SRNOM) was used to investigate
the effect of NOMs on the performance of ZnFe;O4/nZVI nanocomposite. The weight
percentages of C and O in SRNOM are 50.7% and 41.5% respectively. Most of the carbon
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derives from the carboxyl groups, aromatic rings, and aliphatic chains, along with small

fractions of phenolic, carbonyl, and acetal groups. The pKas of carboxyl and phenolic group in

SRNOM are 4.16 and 9.99, respectively (http://humic-substances.org/#products).
Concentration of SRNOM in each vessel was controlled at 10.0 and 35.5 mg/L, or 5.0 and 18.0

mg/L as C respectively.

Data Analysis

One-way analysis of variance (ANOVA) was used to determine the statistical differences
among the NO3™ and As(V) removal by ZnO and ZnFe>O4/nZVI in presence of different
scavengers. Different letters in the figures indicate significant differences between the rate

constants (p<0.05) according to one-way ANOVA followed by Tukey’s test.

Results and Discussion

Characterizations of ZnFe204/nZVI Nanocomposite

The as-received ZnO and synthesized ZnFe>O4/nZVI were then examined using 0-20 XRD
analysis (Figure 18). The spectra of as-received ZnO powders exhibit sharp and strong peaks
perfectly matching the diffractions of zincite in the powder diffraction file (PDF#36-1451,
hexagonal, a=3.25 A, ¢ =5.207 A, P63mc) (International Centre for Diffraction Data (ICDD),
PDF-4 Database Sets, Pennsylvania, USA 2020). In contrast, the XRD spectra of synthesized
ZnFe;04/nZVI present only a few faint peaks corresponding to the residue trace of ZnO. No
other visible peaks were detected indicating that the synthesized ZnFe,O4/nZVI materials

possess a rather amorphous structure or very small nanocrystalline structures that were not
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detectable by XRD.
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Figure 18. XRD spectra of as-received ZnO nanoparticles (black) and synthesized
ZnFe>04/nZVI nanocomposite (red).

Figure 19a presents a SEM image of the as-received ZnO nanoparticles exhibiting typical

well-formed polyhedral single crystal structures with smooth surfaces jointed via sharp edges.

The ZnO particles fell in the size range of ~60 to 290 nm. Figure 19b shows a SEM image of

the synthesized ZnFe;O4/nZVI nanocomposite presenting a totally different morphology:

beaded chain structures are formed by interlinked spherical nanoparticles (area X), and the

chain structures are wrapped with heavily crumpled skin layers (area Y). Figure 19c¢ is a high

magnification SEM image that clearly presents this unique morphology. The nanoparticles size

in the beaded chain structures is about 80 nm. The total diameter of beaded chains plus

surrounding skin layers is about 200 nm.
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Figure 19. SEM images of as-received ZnO nanoparticles (a) and synthesized ZnFe>O4/nZVI
nanocomposite (b-c¢).

Figure 20a is a TEM image of the as-received ZnO powder, confirming the particle size
of ZnO from several tens to a couple of hundreds nm. EDS spectrum consisting of Zn and O
only (C and Cu are from TEM grid) confirms its purity (Figure 20b). Figure 20c¢ is a SAED
pattern taken from the ZnO powder presenting a typical polycrystalline pattern of ZnO
nanoparticles. The inner diffraction rings/spots 1, 2, 3, 4, 5, 6 and 7 have a lattice spacing of
28A,26A,25A,19A,1.6 A,1.5A and 1.4 A corresponding to the (100), (002), (101),

(102), (110), (103) and (200) of ZnO (PDF#65-3411, a = 3.25 A, ¢ = 5.207 A, P63/mc) (ICDD
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2020), respectively. Figure 20d is a TEM image of the synthesized ZnFe>O4/nZVI
nanocomposite presenting totally different microstructural characteristics. Spherical
nanoparticles with a diameter of about 70 nm were interlinked together to form beaded chain
structures. Some chain structures were encapsulated with light skin layers. The skin layers have
a thickness of ~80 nm. EDS analysis revealed that the nanoparticle cores in Figure 20d are
pure Fe, as shown in Figure 20e (C and Cu are scattered from the TEM grid). Figure 20f is a
SAED pattern taken from the beaded chain structures, some of which were covered by skin
structures presenting diffraction ring 1, 2, 3 and 4 with a lattice spacing of 2.48 A, 2.04 A, 1.43
A and 1.16 A, respectively. The diffraction ring 2, 3 and 4 corresponds to the (110), (200) and
(211) of body-centered cubic (bec) Fe (PDF#06-0696, a =2.866 A, Im3m) (ICDD 2020). The
diffraction ring 1 can be identified as the (311) of ZnFe,O4 (PDF#65-3111, a = 8.433 A,
Fdm3m) (ICDD 2020). Figure 20g is a TEM image of a segment of beaded chains covered by
multiple skin layers. Figure 20h is an EDS spectrum taken from the skin layer in Figure 20g,
confirming the presence of Fe, Zn and O and the formation of Fe-Zn-O compound. SAED
pattern (Figure 20i) taken from the skin layers presenting diffused diffraction ring 1, 2 and 3
with a lattice spacing of 2.5 A, 2.1 A and 1.5 A, which can be identified as (311), (400) and

(440) of ZnFe;O4, respectively.
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Figure 20. TEM image, EDS and SAED patterns of the as-received ZnO nanoparticles (a-c),
(d-f) ZnFe;04/nZVI chain-and-bead structures, and ZnFe>O4 skin layer structures (g-i).

Figure 21a shows a HRTEM image of a ZnO nanoparticle exhibit atomically clean surface
structure with atomic planes and steps. Figure 21b is an amplified TEM image of the
ZnFe>04/nZ VI materials displaying beaded chain structures that are attached by thin skin layers.
The beads on the chains are pure metallic iron as determined by EDS and SAED. The chain
structures were covered by a thin shell with a typical thickness of ~3 nm. Figure 21c is a
zoomed-in TEM image of particles with core-shell structure in a chain, and Figure 21d is a
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1

nanobeam diffraction pattern taken from the particle “i” in Figure 21¢, presenting [110] zone
diffraction pattern of bee Fe, which further confirms the crystal structure of the Fe cores. Figure
21e shows a TEM image of core-shelled structure wrapped by thin skin layers. The shell and
the thin skin layers are both ZnFe;O4 compound as determined by EDS and SAED. Figure 21f

€9
1

presents a HRTEM image of the core-shell particle in Figure 21¢, in which the lattices
fringe in the core region correspond to the (110) of Fe and the shell presents a near amorphous
or semi-crystalline structure. Figure 21g shows a HRTEM image presenting atomic structure
of a core-shell-skins. The lattice fringes in the skin have a spacing of ~2.6 A, closely
corresponds to the (311) of ZnFe»O4. The thin skin layers attached to the shell presents a layered
structure with a lattice spacing of 2.93 A, which closely corresponds to the (220) of ZnFe;Oa.

The above TEM studies show that the synthesized ZnFe>O4/nZVI nanocomposite possesses
a unique core-shell-skin structure, in which the metallic Fe nanoparticles with a size of ~70
nm interlink with each other to form beaded long chains, which are coated by ZnFe>O4 shells

with a thickness of ~3 nm and further wrapped by heavily crumpled ZnFe>O4 thin skin layers

with a thickness of ~1-2 nm.
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Fe core

Figure 21. (a) HRTEM of a ZnO particle; (b-g) TEM results for sample of nZVI; (b) TEM
image of core-shelled chain structures of ZnFe>O4/nZVI composite; (¢) zoomed-in TEM image
of core-shell particle in a chain structure; (d) NBD pattern taken from particle i in (¢); (e) TEM
image of an area with core, shell and skins; (f) HR-TEM image a core-shell structure; (g) HR-
TEM image of core-shell-skins.

Figure 22a presents XPS survey spectra of as-received ZnO powder and the synthesized
ZnFe>04/nZVI1 nanocomposite before (ZFO/nZVI bt) and after (ZFO/nZVI at) treatment of
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contaminants. The spectrum of the ZnO powder shows the presence of Zn and O. The C 1s
peak was likely from the carbon absorption on the sample surface from the ambient atmosphere.
The spectra of ZFO/nZ VI bt revealed the presence of Fe, Zn, O and C. The intensity of Zn
peaks on the spectra was significantly reduced compared with the spectrum of ZnO, clearly
indicating that the synthesized ZnFe>O4/nZVI possesses a quite different chemical composition
from ZnO.

Figure 22b-c show high-resolution spectra of the Zn 2p and O 1s peaks collected from the
tested materials. The charge shifts of the binding energies (BEs) of the peaks were calibrated
using C 1s BE of 284 eV. The Zn 2p32 and 2p12 peaks of ZnO powder show binding energies
at 1020.8 and 1043.8 eV, respectively, that are very close to those reported in the literature.?*!
The Zn 2p32 and 2p12 peaks for ZnFe;O4/nZ V1 bt shifted to high BE direction compared to
those for ZnO, with BEs at 1022.8 and 1045.8 eV respectively, which are close to the BE of Zn
2p in ZnFe>O4 nanotubes.>*? The O1s for ZnO powder has a BE of 529.6 eV for ZnO, the same
as reported for ZnO?!, 531.0 eV for ZnFe,04/nZVI bt, close to the value reported for ZnFe,O4
nanotubes.?*? Figure 22d show high-resolution spectra of the Fe 2p peak exhibiting a BE of
712.0 eV for Fe 2p32 and 725.4 eV for 2p12 peak of ZnFe,04/nZVI bt, also close to the value
reported for ZnFe>O4 nanotubes.’*? In summary, XPS results showed that the synthesized
ZnFe;04/nZVI could possibly possess a similar microstructure of ZnFe>Os nanotube, in

agreement with the results from TEM and HRTEM measurements.
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Figure 22. XPS survey spectra of ZnO nanoparticle and ZnFe;O4/nZVI nanocomposite (a) and
high-resolution spectra of Zn 2p (b), O 1s peak for ZnO and ZnFe;04/nZVI (¢), Fe 2p (d) and
N 1s (e) for ZnFe;O4/nZVI (“ZFO/MZVI bt” and “ZFO/nZVI at” denote ZnFe>04/nZVI before
and after treatment of contaminants, respectively).

Removal of NO3 by ZnO and ZnFe:04/nZVI1
The light fluxes that reaction solutions received in glass vials contained 38.5 + 0.3x107
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W/cm? of visible light (A = 400-700 nm) and 1.6 + 0.1x10% W/cm? of UV-A (A = 315-400 nm)
(Table S7). UV-B and UV-C were completely blocked by the UV filter film. Since UV light
only accounted for ~0.004% of total light flux, and thus the light source used in our study can
be considered as visible light only. The removal efficiencies of NO3 by ZnO and
ZnFe>O4/nZ VI under visible light were presented in Figure 23a. NO;™ was barely removed by
ZnO under light within 120 min (Kobs = 4.0 £ 0.6x10"* min™). On the other hand, an astonishing
100% removal was achieved by ZnFe>O4/nZVI nanocomposite within 120 min with the
pseudo-first-order rate constant more than 100-folded (kobs = 4.5 = 0.6x10> min"). Negligible
difference was observed between the removal efficiency of NO3™ by ZnO in dark and under
visible light by 120 min (Figure 23b), which was expected because ZnO is known to be UV-
active only.?** However, ZnFe>O4/nZVI only removed 31.5% of NO;™ in dark by 120 min,
demonstrating the significant role of visible light in enhancing the removal of NO3". The
removal of As(V) by ZnO and ZnFe;O4/nZVTI in dark reached 95.1% and 99.6% within 720
min, respectively (Figure 23c¢), and visible light displayed negligible impacts (Figure 23d).
Therefore, adsorption might be the main mechanism for As(V) removal by both ZnO and

ZnFe204/ nZVI.
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Figure 23. (a) The removal of NOs™ over time by ZnO and ZnFe>O4/nZVI nanocomposite
(labeled as ZFO/nZVI) under visible light and (b) the removal rate of NO3™ at t = 120 min; (c)
the removal of As(V) over time in dark and (d) the removal rate of As(V) at t =720 min in dark
and under visible light ([catalyst] = 0.2 g/L; [NO37]o = 50 mg/L; [As(V)]o = 100 pg/L; initial
pH =7.0).

Identifying the Main Reactive Species

To gain more insights into the removal mechanisms, the effects of four scavengers on the
removal of NO3;™ and As(V) under visible light were shown in Figure 24. The quenching
experiment for NO3™ removal was not performed on ZnO due to its negligible removal rate.
Trapping of h" by FA dramatically boosted the NOs™ removal by ZnFe>04/nZVI from 37.2% to
100% (Figure 24a), suggesting that quenching of h* by FA inhibited the rapid recombination
of e/h" and enhanced NOs  removal. The introduction of AgNOs; as an e scavenger
significantly reduced the NOs;™ removal by ZnFe2O4/nZVI to only 7.1%, suggesting that
reduction by photogenerated e~ was the main mechanism for NO3™ removal by ZnFe,O4/nZVI
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under visible light. Compared with the initial concentration of NO3™ (0.8 mM), the extra NO3
(0.35 M) introduced by AgNOs3; was expected to have very minor impact on the removal
efficiency. However, both IPA and pBQ showed negligible impact on the NO3™ removal by
ZnFe;04/nZ V1, indicating that neither O2*" nor *OH was involved in the NO;™ reduction. In
addition, generation of O2°*” by e under anoxic condition is very unlikely. It can be concluded
that ZnFe>O4 shell and skin layers can produce e/h" pairs under visible light, and e can
effectively reduce NO3™ with FA as the h" quencher. Furthermore, the nZVI core could also
serve as an ¢ source for NO3™ reduction. On the other hand, none of the scavengers exhibited
any impacts on the removal of As(V) by both ZnO and ZnFe>O4/nZVI, confirming that

adsorption was the dominant mechanism (Figure 24b).
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Figure 24. Effects of various scavengers on the removal rate of (a) NO3™ by ZnFe;04/nZVI by
120 min and (b) As(V) by ZnO and ZnFe;O4/nZVI (abbreviated as ZFO/nZVI) by 720 min.
Different letters indicate significant differences (p < 0.05) in the removal rates in presence of
scavengers for each catalyst according to one-way ANOVA followed by Tukey’s test ([catalyst]
=0.2 g/L; [NO3]o =50 mg/L; [As(V)]o = 100 pg/L; [scavenger] = 3.5 mM; initial pH =7.0; FA
was added in all groups except for “No scavenger”).

The Mechanisms of NO3” Removal by ZnFe:04/nZVI1

The highly efficient NO3™ removal by the ZnFe;O4/nZVI nanocomposite can be attributed
to the high adsorption capacity of the ZnFe;O4 skin layer, followed by reduction by e, which
can be either generated by ZnFe>O4 under light or directly provided by the nZVI cores. Based
on the Nz adsorption analysis, the Brunauer-Emmett-Teller (BET) surface area of the

ZnFe>04/nZVI nanocomposite reached an astonishing 290.1 m?/g (Figure S19), surpassing
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ZnO nanoparticles and other ZnFe>Os-based nanocomposites reported previously.?**237

Formation of heavily crumpled ZnFe>O4 thin skin layers significantly increased the specific
surface area of the nanocomposite, which provided abundant adsorption sites for NO3™ to attach.
The Van der Waals interaction could be an important intermolecular force that enabled NO3"
adsorption. Despite of the slight negative charge that ZnFe;O4/nZVI carried at pH 7.0 (Figure
S18a), the induced electrostatic repulsion was relatively weak. In addition, hydrogen bonding
could be one of the main driving forces for NO3™ adsorption that could be formed between NO3”
and octahedral complex of Zn(H,0)s>" on the surface of ZnFe>O4/nZVI (R23).23
=7Zn— OHf + NO; —» =Zn— OHj ---O3N~ (R23)

An examination of the high-resolution spectra of Zn 2p, Fe 2p and O 1s peaks of the
ZnFe>04/nZ V1 after NO3™ removal test under XPS indicated slight BE shifts, possibly due to
the adsorption of nitrogen species. Indeed, high-resolution spectra of N 1s peak ZnFe>O4/nZVI
at in Figure 22e indicated the presence of nitrogen in the synthesized ZnFe;04/nZ VI after NO3
removal, confirming the adsorption of NOs3™ on the ZnFe>O4/nZ VI nanocomposite.

After concentrating on the surface, NO3™ could be removed via photocatalytic reduction by
¢” produced by ZnFe>O4. To confirm this, the photocatalytic properties of ZnFe,O4/nZVI in
comparison to ZnO were examined. The light absorbance of ZnO and ZnFe;O4/nZVI were
measured with an UV-Vis DRS (Figure 25). The ZnFe>O4/nZVI nanocomposite showed
significantly higher absorbance than ZnO at the wavelength between 220-700 nm. In particular,
the nanocomposite displayed an impressive light absorbance at the visible light range from
400-700 nm, suggesting a narrow bandgap for the nanocomposite. From the UV spectrum, the
bandgap of ZnO and ZnFe>O4/nZ VI were estimated. The absorption coefficient (a) is estimated
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by the Kubelka-Munk function (R24), where R is the diffuse reflectance.?*® The bandgaps (Ey)
of the two photocatalysts were calculated using R25, where h is the Planck constant, v is the
photon’s frequency, A is a constant, and the exponent n depends on the nature of the electron
transition.?** The resulting Tauc plots are presented in Figure 25b. The E, for ZnO and

ZnFe>04/nZ V1 are estimated to be 3.20 eV and 2.04 eV, respectively, which agreed well with

the values reported in literatures for ZnO and ZnFe,04.24024!
_R\2

o= —(1211:) (R24)
1

(ahv)i = A(hv — Eg) (R25)

The PL spectra of ZnO and ZnFe;04/nZ VI are shown in Figure 25¢. The peak at around
397 nm in both spectra is assigned to the near-band-edge emission of Zn-O bonds. The peak at
around 420 nm in ZnFe;O4/nZ V1 is attributed to the “suppositional” Zn vacancies in the zinc
ferrite lattice.?*** The reduced PL intensity of the ZnFe>O4/nZVI nanocomposite compared
to that of ZnO implies lower recombination of e/h* pairs and more effective charge separation.
In summary, the ZnFe.O4/nZVI nanocomposite displayed superior photocatalytic properties

compared to ZnO, which enabled the highly efficient reduction of NO3™ by photogenerated e".
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Figure 25. (a) The UV-Vis DRS spectra, (b) Tauc plots and (¢) photoluminescence spectra of
Zn0O and ZnFe>O4/nZVI.

To determine the role of nZVI cores in the removal of NO3", we monitored the release of
Fe ions from the nanocomposite because Fe** is a common byproduct of NOs™ reduction by
nZVI (R26). The total Fe ions released from the ZnFe2O4/nZVI nanocomposite in dark and

under light is shown in Figure S20. Obviously, substantial leaching was observed throughout
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the pH range both in the dark and under light. The lower concentration of Fe ions at higher pH
can be attributed to the formation of insoluble Fe oxides and hydroxides. Since zinc ferrite
generally displays high stability over a broad pH range and good recyclability,?!!**} leaching
of Fe from zinc ferrite was unlikely. Therefore, the leaching of Fe in dark was probably the
byproduct of NO;™ reduction by the nZVI cores. Considering the significantly higher NO3
removal by ZnFe>O4/nZVI under light, the markedly higher release of Fe ions under light was
likely due to the oxidation of nZVI cores by the positive holes generated by ZnFe>O4 under
light.

4Fe® + NO3 + 10H* — 4Fe?* + NH} + 3H,0 (R26)

Finally, the Fe ions released to the solution could adsorb on the surface ZnFe;O4 to
potentially form a single-atom catalyst (SAC) similarly as previously reported.’**** We
speculate that Fe SACs can be stabilized by oxygen-containing semiconductors either through
direct bonding to surface oxo ligands or occupation of surface cation vacancies.?*S At nano or
sub-nano scale, Fe SACs on the surface of ZnFe>O4 can induce quantum size effects, in which
confined electrons create a discrete energy level distribution and reduce the E;. The reduced
PL intensity might be partially due to the formation of chemical bonds between attached Fe**
and Fe*" and ZnFe,04, which could facilitate the charge transfer between them and inhibit
charge recombination.’*’ However, the interactions between Fe SACs and ZnFe>O4 were not
confirmed in this study, and additional investigation with more advanced characterizations is
needed.

Adsorption kinetics and isotherms of As(V) by ZnO and ZnFe204/nZVI
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Results of arsenic adsorption kinetics on ZnO and ZnFe>O4/nZVI were shown in Figure
S21, and the kinetic parameters were summarized in Table S8. Adsorption equilibrium was
reached at 12 hours and 8 hours for ZnO and ZnFe;O4/nZ V], respectively (Figure 23c¢). In
order to fit the pseudo-first-order kinetic model, the term In (1 - %) was plotted versus time,
and the slope represented k,q4s (Figure S21a). Pseudo-second-order kinetic model has been
successfully used to describe adsorption processes that are controlled by chemical reactions
and has been widely used to predict arsenic adsorption on various adsorbents such as alumina,
hematite, magnetite, and goethite.?*>2°! The term i was plotted versus time, and g, and
k,4s can be determined by the slope and intercept (Figure S21b). Compared with the pseudo-
first-order model, the pseudo-second-order model fitted the data better, which agrees with the
literature.?#%292-25 The r? values were 0.99 and 1.00 for ZnO and ZnFe>O4/nZ V1, respectively.
Although ZnO and ZnFe>O4/nZVI had similar q, (4.89 and 4.95 mg-g!, respectively), the
second-order rate constant and initial adsorption rate of ZnFe>O4/nZVI were approximately 5
times higher than ZnO, indicating an overall much faster adsorption process for As on the
nanocomposite.

As adsorption isotherms on ZnO and ZnFe;O4/nZVI are shown in Figure S22, and the
parameters obtained by fitting the experimental data are summarized in Table S9. The
adsorption of As on both ZnO and ZnFe,O4/nZV1 was better fitted with the Langmuir model
(R? > 0.99), and the values of Rj for different initial As concentrations for ZnO and
ZnFe;04/nZ VI all fell into the range of 0.005 - 0.446. In Langmuir isotherm, it is postulated
that the surface of the adsorbent is homogeneous, and each adsorbed adsorbate molecule only

occupies one adsorption site, assuming no interaction between adjacent adsorbate molecules.
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Therefore, the fitting of experimental data suggested monolayer adsorption of As on both ZnO
and ZnFe»04/nZVI1.>> Higher K, value of ZnFe>O4/nZVI than ZnO suggested stronger

interactions between As and the surface of ZnFe;O4/nZ V1.

The Mechanisms of As(V) Removal by ZnFe204/nZVI

The unaffected As(V) removal in presence of different scavengers further supports our
conclusion that adsorption was the dominant mechanism (Figure 24b). Electrostatic interaction
and surface complexation were possible mechanisms for the As(V) removal by ZnFe>O4/nZVI.
Since the second pKa of As(V) is around 6.98, most As(V) existed as (AsO)(OH),0~ and
(AsO)(OH)03~ at neutral pH.?*® Although ZnFe>O4/nZ VI carries slightly negative charges at
neutral pH, the total intermolecular force between ZnFe,O4/nZVI and As(V) could still be
attractive until the electrostatic repulsion becomes greater than the Van der Waals force.
Arsenate can also form inner-sphere surface complexations (R27-28) and hydrogen bonds
(R29-30) with the octahedral complex of Zn(H,0)2* on the surface of ZnFe;04.272 The
ATR-FTIR spectra of the ZnFe>O4/nZVI nanocomposite before and after the experiment are
presented in Figure S23. The broad peaks at around 3200 cm™ imply the presence of -OH
groups in the adsorbed water molecules. After the experiment, two new peaks at 931 cm™ and
684 cm™! appeared, which can be ascribed to the symmetrical stretching of As-O bond in the
deprotonated Zn-0,-AsO2(H20)4 complex and the symmetrical stretching of As-OH bond in
the protonated HAsO4*(H20)4 complex.?® The two new peaks confirm the adsorption of
arsenate on the surface of ZnFe>O4/nZVI via surface complexation. Furthermore, the stacked
and wrapped skin layers provide more adsorption sites for As.

= Zn — OHY + 0(AsO)(OH); — = Zn — 0(As0)(OH), + H,0 (R27)
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2 = Zn — OH} + 0,(As0)(OH)?~ - = Zn, — 0,(As0)(OH) + 2H,0 (R28)

= Zn — OHJ + 0,(AsO)(OH)?*~ - = Zn — OHJ -+ 0,(AsO)(OH)?*~ (R29)
= Zn — OHJ + 0,(AsO)(OH)?~ - = Zn — OHJ -+ 0,(AsO)(OH)?*~ (R30)
Effects of pH

Complete removal of NO3™ was achieved by ZnFe>O4/nZVI under visible light at pH 3.0-
7.0, exhibiting an impressive stability in the removal efficiency throughout the acidic-to-neutral
range (Figure 26a). At pH 9.0 and 11.0, the removal efficiency was decreased to 78.6% and
64.5%, respectively. The positive zeta potential of ZnFe>O4/nZVI at pH 3.0 and 5.0 (Figure
S18a) facilitates the adsorption of NOjs", while electrostatic repulsion prevented NO3™ from
approaching particle surface beyond pHzpc. Furthermore, NO3™ reduction by nZVI and photo-
induced electrons both consume protons, so an acidic condition favors NO3” removal (R31).
8ecg + NO3 + 10H* - NH} + 3H,0 (R31)

ZnFe;04/nZVI demonstrated over 95% of As(V) removal at pH 3.0-11.0, and the removal
efficiency slightly decreased as pH increased (Figure 26b). This was likely due to the
dominance of electrostatic interactions, which exerted a stronger inhibitory impact on the As(V)
adsorption at higher pH. Significantly, the removal efficiency of As(V) by ZnFe>O4/nZVI

remained higher than ZnO across the pH range in this study.
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Figure 26. The effect of pH on the removal of (a) NO3™ by ZnFe.O4/nZVI and (b) As(V) by
Zn0O and ZnFe;04/nZVT; the effect of IS on the removal of (¢) NO3™ by ZnFe>O4/nZVI and (d)
As(V) by ZnO and ZnFe;04/nZVI ([catalyst] = 0.2 g/L; [NO37]o = 50 mg/L; [As(V)]o = 100
pg/L; initial pH =3.0, 5.0, 7.0, 9.0, 11.0; IS = 0, 50, 100, 150, 200 mM, introduced by NaCl
and CaCly; the removal rates for NO3™ and As(V) were measured at 120 min and 720 min,
respectively).

Effects of Ionic Strength (IS)

NOs™ is known to forms outer-sphere surface complexation with -OH on metal oxide
surfaces.?®! As IS increases, the Debye length, or the thickness of the diffuse layer decreases.?®?
Reduction of Debye length lowers the energy barrier for NO3™ to approach the metal oxide
surfaces, which could facilitate adsorption. In addition, Lyklema (1978) reported that the
critical coagulation concentration (CCC) of an ion is inversely related to the 6™ order of its
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charge (1/Z°), similar to what Schulze-Hardy rule predicted.?®? In other word, in order to
destabilize a suspension, the concentration required for a monovalent ion is 64 times that for a
divalent ion. Since the concentration ratio between Na" and Ca?" in our solution was much
smaller (1: 1/3), the NOs” removal under the same IS should be higher in the presence of Ca**
than Na". However, the removal efficiency of NOs™ by ZnFe,04/nZVI was already 100% under
the initial IS (~0.5 mM), the impact of increasing IS was not observed (Figure 26c¢). The
removal of As(V) was almost unaffected by IS for both ZnO and ZnFe>O4/nZVI, suggesting
the formation of inner-sphere complexation between As(V) and the surface ligands of ZnO and

ZnFe>04/nZVI (Figure 26d).2%

Effects of Phosphate

Overall, the removal of NO3;™ and As(V) by ZnFe;O4/nZVI were both impeded by the
presence of phosphate. The removal rate of NO3™ by ZnFe2O4/nZVI1 was compromised by 12.7%
and 53.2% in presence of 1.0 and 10.0 mg/L of phosphate, respectively (Figure 27a).
Compared to ZnO, Although the removal rate of As(V) by ZnFe>O4/nZVI was reduced by
phosphate, the impact was remarkably less significant compared to ZnO. In presence of 1.0
and 10.0 mg/L of phosphate, ZnO only removed 59.1% and12.7% of As(V), respectively,
whereas 84.5% and 49.4% of As(V) was removed by ZnFe>O4/nZ V1, respectively (Figure 27b).
Competitive adsorption between phosphate and the two oxyanions was likely the dominant
mechanism for the lower removal rate. Phosphate has been reported as one of the most

inhibitive ligands for nitrate reduction.?** Phosphate is also known to compete with As(V) for

265 6

adsorption on various adsorbents, including goethite,>® iron hydroxides,’® and clay
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minerals®®’ due to their similar electrochemical properties and tetrahedral structure.?6%26°

Phosphate could also react with Fe’" and Fe*" ions released from the nZVI core to form

insoluble iron phosphate and cover the active sites on the surface of ZnFe>O4 and nZVI1.27°
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Figure 27. The effect of phosphate on the removal of (a) NO3;™ by ZnFe;O4/nZVI and (b) As(V)
by ZnO and ZnFe;04/nZVT; the effect of NOM on the removal of (¢) NO3™ by ZnFe2O4/nZVI
and (d) As(V) by ZnO and ZnFe;O4/nZVI ([catalyst] = 0.2 g/L; [NO3Jo = 50 mg/L; [As(V)]o
=100 pg/L; [phosphate] =0, 1.0, and 10.0 mg/L; [NOM] =0, 10.0, and 35.5 mg/L; the removal
rates for NO3™ and As(V) were measured at 120 min and 720 min, respectively).

Effect of NOM

The presence of 10.0 and 35.5 mg/L of NOM mildly hindered the removal of NO3™ by
ZnFe>04/nZ V1, only lowering the removal rate by 12.5% and 28.7%, respectively (Figure 27c¢).
Similar trend was also observed for the removal of As(V). Significantly, 90.6% and 72.9% of
As(V) was removed by ZnFe>O4/nZVI with 10.0 and 35.5 mg/L of NOM, respectively (Figure
27d). NOMs consist of both unionized, relatively non-polar, and hydrophobic fractions and
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strongly polar, ionized, and hydrophilic fractions. They typically carry negative charges in
aqueous environment due to their acidic functional groups. Change in surface charge, steric
repulsion, electron scavenging, and inner filter effect are suggested as major mechanisms for
lower NO3™ removal in the presence of NOMs. The amphiphilic property of NOMs allows them
to adsorb to most surfaces and make the overall surface charge more negative.?’!*’? At pH 7.0,
the phenolic group in NOM remained protonated, while carboxyl group was deprotonated.
Adsorption of negatively charged NOM onto ZnO, nZVI, and ZnFe>O4/nZVI induced stronger
electrostatic repulsion between the particle surface and anions, reducing their adsorption. The
bulky functional groups on NOM also cause steric repulsion. In addition, NOMs are known as
scavengers of reactive oxygen species (ROS).?”® The carboxyl groups in NOM can be readily
reduced in the presence of available electrons.?’* Hence, NOM could compete with nitrate for
electrons. Another mechanism for lower nitrate removal by NOMs could stem from the inner
filter effect (IFE), or light attenuation, due to the absorption of UV irradiation by NOMs which
diminishes the available light for photocatalytic reaction.?”> In addition to the four factors
discussed above, competitive adsorption between NOM and As(V) might be another
contributing factor. The carboxyl and phenolic groups in NOM could bind to Zn atoms through

Zn-0 bonds (R32-33) and hydrogen bonds (R34-35), similar to how As(V) binds to ZnO (R27-

30).257,258

= Zn — OH$ + SRNOM — CO0~ &= (H,0) — Zn — 00C — SRNOM (R32)
= Zn — OH} + SRNOM — C,H,0~ &= (H,0) — Zn — OC¢H, — SRNOM (R33)
= Zn — OH} + SRNOM — COO~ &= Zn — OH, --- 00C — SRNOM (R34)
= Zn — OH} + SRNOM — C,H,0~ &= Zn — OH, --- OC4H, — SRNOM (R35)

90



The lower susceptibility of the ZnFe;O4/nZ VI to the inhibitory effect of NOM could be
explained by the possible screening effect of the ZnFe;Os skin layer. The multi-layered
structure of ZnFe>O4 skin layer could serve as a barrier to prevent bulky NOM from
approaching the particle surface. Reduced NOM adsorption enabled the nanocomposite to

achieve a higher removal of both oxyanions.

Conclusions

In conclusion, a novel visible-light active ZnFe2O4/nZVI nanocomposite with a unique
core-shell-skin tertiary structure was synthesized via a liquid-phase reduction method. It
exhibited high simultaneous removal efficiency for both NO3™ and As(V) under visible light
and remarkable stability at a broad pH range. Reduction by e, which can be photo-generated
by ZnFe>Oy4 or directly provided by nZVI, was the predominant mechanism for the removal of
NOs", while adsorption was the main mechanism for the removal of As(V). The enhanced
photocatalytic activity of the nanocomposite is attributed to its greater light absorption and
enhanced charge separation. Compared with ZnO, the nanocomposite is less susceptible to the
effects of various environmental factors. Nonetheless, its performance for NO3;™ and As(V)
removal was markedly lowered by phosphate, and NOMs to a less extent. Future research needs
to focus on developing selective capability of the nanocomposite materials to minimize the
effect of phosphate and other water constituents. For water contaminated by both oxyanions
but with limited phosphate, the ZnFe>O4/nZVI nanocomposite provides an effective alternative
to current technologies.

To date, application of ferrite-based materials in water treatment is still rare. Besides
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outstanding photocatalytic and magnetic properties, ferrites also display strong adsorption

278

capacity to various other contaminants such as chromium,?’® lead,?”” phosphate,?’® sulfur

27 and many organic compounds.?®® Therefore, ferrite-based nanocomposite materials

dioxide,
deserve more attention. Future studies should continue to explore the potential of this novel

nanocomposite for the removal of contaminant mixtures in water and seek methods to further

increase its photoactivity under broader light range and environmental conditions.
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CHAPTER V
PHOTOCATALYTIC DEGRADATION OF PERFLUOROOCTANOIC ACID BY

TITANIUM-BASED METAL-ORGANIC FRAMEWORK MIL-125-NH:

Introduction

Per- and polyfluoroalkyl substances (PFAS) are a large class of organo-fluorine
compounds that are rapidly accumulating in soils, sediments, and water bodies owing to their
widespread applications as surfactants and coatings in textiles, paper products, fire-fighting
foams, cosmetics, and cookware.**"*28! Perfluorooctanoic acid (PFOA), one of the most
extensively detected PFAS, reached 6,570 parts per billion (ppb) in groundwater near U.S.
military bases, which is almost five orders of magnitude higher than the EPA health advisory
level for the sum of PFOA and perfluorooctanesulfonic acid (PFOS) in drinking water (0.070
ppb).°® More than 12 PFAS have been detected at the ppb level in the blood serum of
participants of the National Health and Nutrition Examination Survey (NHANES) since 1999.
Among them, PFOA, PFOS, perfluorohexanesulfonic acid (PFHxS), and perfluorononanoic
acid (PFNA) were detected in the blood serum of almost all participants.?®> In vivo studies
suggested that exposure to PFAS may lead to higher cholesterol levels, disruption of hormones,
reproductive problems, and increased risk of cancers.**™*® Significantly, high level of PFAS in
the blood has been associated with low response to vaccines and poor resistance to infectious
diseases, which may render the public more susceptible to the recent COVID pandemic,*-28-284
Due to their amphiphilic nature and the abundance of exceedingly stable C-F bond with a

bond dissociation energy (BDE) more than 500 kJ/mol,?®>?%¢ PFAS are highly resistant to

conventional wastewater treatment, with their half-lives ranging from ~50 years in water to
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more than 200 years in soil.”**7-2°° The prevalence, persistence, and potential toxicity of PFAS
have prompted extensive exploration of efficient treatment technologies in recent
years.”*287-291L.292 Cyrrently, non-destructive technologies such as adsorption, filtration, and ion
exchange are commonly used to remove PFAS from water, however, they tend to be less
effective toward non-ionic and short-chain PFAS and require post-treatment for concentrated
PFAS wastes.?’*?%22% Among the destructive technologies, photocatalysis has emerged as a
promising technology for PFAS degradation owing to its high removal efficiency and its
utilization of sustainable energy.?®*2°° Homogeneous photocatalysis (e.g., UV/sulfite,
UV/iodide, and UV/indole) has received intensive attention thanks to the formation of hydrated
electron (e4q , E° = -2.9 VnuE), the most reactive nucleophilic species that can effectively cleave
C-F bonds.>!337476297 However, despite their high efficiency, these processes are often
accompanied by undesirable toxic chemicals such as sulfite and iodide. In contrast,
heterogeneous photocatalysis is capable of producing both reactive oxidizing species such as
hole (A7) and hydroxyl radical (*OH), and reducing species such as e, and has exhibited
remarkable performance in degrading environmental pollutants in water,??2%>2%8
Metal-organic frameworks (MOFs) are a group of crystalline, porous, coordination
polymers constructed from metal clusters and organic ligands.?” Owing to their high structural
and functional tunability, MOFs have been widely studied for gas separation,®® catalysis,*"!
and biomedical applications.>”?> In recent years, MOFs as photocatalysts in environmental
applications have aroused intensive interest due to their ultra-high surface area and porosity ,
abundant active sites, and tunable photocatalytic properties.’®*3% Surprisingly, PFAS-related

studies with MOFs have been extremely scarce and mostly limited to adsorption.’°% The
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potential of photocatalytic MOFs in PFAS degradation has rarely been investigated. MIL-125-
NHo is one of the most well-known photocatalytic MOFs, consisting of TigOs(OH)4 clusters
and 2-amino-terephthalic acid ligands.>® The introduction of the amino group substantially
enhances the photocatalytic activity and reduces the bandgap of the original MIL-125 from 3.6
eV to about 2.6 eV,**3!% making MIL-125-NH, an ideal candidate for photocatalytic
applications.3!!-*12

Despite the extensive research on PFAS degradation, knowledge gaps regarding the
detailed reaction mechanisms of PFAS degradation remain. H/F exchange and chain-shortening
are the two most frequently proposed reaction pathways between e,; and PFAS.>!74313
However, a clear understanding on the detailed reaction mechanisms in each pathway is still
critically lacking. For example, the thermodynamic feasibility of each reaction step involved
in chain-shortening and H/F exchange remains largely unknown. This knowledge is
fundamental for developing technically sound and economically viable treatment technologies
for PFAS.

In the present study, we demonstrated complete degradation and 66.7% overall
defluorination of PFOA by MIL-125-NH; under irradiation using glucose as a non-hazardous,
sacrificial reductant. DFT calculations were employed to determine the reaction
thermodynamics of each step of the major degradation pathways of PFOA, which agreed well
with the identified degradation metabolites. A unique degradation mechanism enabled by
integrated e,, and oxidizing reactive species was proposed. MIL-125-NH; also exhibited high
recyclability and stability, showcasing the potential benefits of MOFs as photocatalysts for

breaking the C-F bonds in PFAS to release fluoride ion.
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Experimental Section

Chemicals and Materials

Perfluorooctanoic acid (95.0%), ammonium hydroxide (28.0-30.0%), and D-(+)-Glucose
(>99.5%) was purchased from Sigma Aldrich (St. Louis, USA). Methanol (HPLC optima grade,
> 99.9%), ammonium acetate (> 97.0%) were purchased from ThermoFisher Scientific
(Hampton, USA). Commercial samples of MIL-125-NH> were provided by Framergy Inc.
Milli-Q water prepared from a Myron L 750 II system was used as the solvent for all solutions

in this study.

Photocatalytic degradation of PFOA by MIL-125-NH»

A photochemical reactor system consisting of a medium pressure Hg-vapor immersion
lamp (450 W, #7825-35), a double-walled quartz immersion well (#7874-38), and a 500 mL
borosilicate glass reaction vessel (#7863-18) was purchased from Ace Glass (Vineland, USA)
and used to perform the photocatalytic degradation experiments. The light fluxes in each
wavelength regions emitted by the Hg-lamp was measured by a LS125 UV light meter
(Linshang Technology, Shenzhen, China) and a Solar Light PMA2100 radiometer (Solar Light
Company, Philadelphia, USA). A Thermo Haake C41P circulator equipped with a Haake
Phoenix II control head (Hampton, USA) was connected with the photochemical reactor system
to control the temperature at 20.00 = 0.02 °C. A 75:25 mixture of water and ethylene glycol
was used as the cooling fluid in the circulator. The initial concentration of PFOA was 100 pg/L,
and the MOF loading was 2.5 g/L. The glucose concentration was varied at 0.01, 0.05, 0.2, and

0.5 M. The dispersion of MIL-125-NH> in ultrapure water was sonicated using an ultrasonic
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processor (U.S. Solid, Cleveland, USA) for 10 minutes to achieve a uniform dispersion. The
well-sonicated dispersion of MIL-125-NH» was transferred to the reaction vessel with constant
stirring at 300 rpm using a glass-coated stir bar. Glucose was slowly added to the dispersion.
The mixture was stirred for 10 minutes to ensure complete dissolution of glucose. The mixture
was then spiked with PFOA stock solution to generate an initial PFOA concentration of 100
pg/L in the reaction mixture. The Hg-lamp was turned on to start the experiment (t = 0). In
comparison, five groups of control experiments with initial PFOA concentration of 100 pg/L
were also performed: (1) direct photolysis of PFOA, (2) 2.5 g/L of MIL-125-NH> in dark, (3)
2.5 g/L of MIL-125-NH> under light, (4) 0.5 M of glucose under light, and (5) 2.5 g/L of MIL-
125-NH> and 0.5 M glucose in dark. In dark groups, the reactor was fully covered by aluminum
foil to block any light. All experiments in this study were conducted under oxic condition. In
each group of experiment, 2.0 mL of sample was extracted using a syringe needle at various
time points (t=0, 1, 3, 6, 12, 24 hours) and then centrifuged in a micro-centrifuge at 12,000 rpm
using a Sorvall Legend Micro 21R centrifuge (ThermoFisher Scientific) for 10 minutes. The

supernatant in each sample was collected for subsequent analyses.

Solid-phase-extraction (SPE)

SPE was performed to extract PFOA and degradation metabolites from the collected
supernatants using Waters Oasis WAX cartridges (I1cc, 30 mg sorbent, 30 um particle size)
cartridges (Milford, USA) on a Supelco Visiprep SPE vacuum manifold purchased from
MilliporeSigma (Burlington, USA). The cartridges were conditioned with 3.0 mL of 0.1%
ammonium hydroxide in methanol and 3.0 mL of pure methanol, loaded with 1.0 mL of sample,
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and then washed with 1.0 mL of 25 mM ammonium acetate. The sample was eluted with 1.0

mL of 0.1% ammonium hydroxide in methanol and then stored at 4°C before analysis.

Quantitative analysis of perfluorinated carboxylic acids (PFCAs)

The concentrations of five PFCAs (PFOA, PFHpA, PFHxA, PFPeA, and PFBA) in
each sample were detected and quantified on a binary pump HPLC coupled to a triple
quadrupole mass spectrometer (ThermoFisher Scientific, Waltham, USA) (LC-MS/MS). The
injection volume of each sample was 10.0 pL. Chromatographic separation was achieved using
a Hypersil Gold 5 pm 50 x 3 mm column (ThermoFisher Scientific) at 30 °C. Solvent A was
water (0.1% formic acid). Solvent B was acetonitrile (0.1% formic acid). The flow rate was 0.5

mL-min'.

Untargeted analysis of degradation metabolites

To detect the plausible degradation metabolites of PFOA, untargeted liquid
chromatography high resolution accurate mass spectrometry (LC-HRAM) analysis was
performed on a Q Exactive Plus orbitrap mass spectrometer (ThermoFisher Scientific, Waltham,
USA) coupled to a binary pump UltiMate 3000 HPLC. The acquired data was processed and
analyzed using Compound Discoverer 3.3 (ThermoFisher Scientific) to screen and identify

possible degradation metabolites.

Quenching experiments
To elucidate the roles of possible reactive species in the degradation of PFOA by MIL-
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125-NHa, glucose, AgNOs3, and SOD were used as the quenchers for 4", es, and O2*,
respectively. Four groups of treatments were performed: (1) no quencher, (2) 0.5 M of glucose,
(3) 0.5 M of glucose and 100 U-ml! of SOD, and (4) 0.5 M of AgNOj3. In each treatment, 2.0

ml of sample was collected at t=1, 3, 6, 12, 24 hours to measure the PFOA concentrations.

Electron paramagnetic resonance (EPR)

EPR was used to probe possible reactive species in the reaction systems. The measurement
was performed using a Bruker Elexsys ES00 EPR equipped with both a standard resonator and
a CoolEdge cryo system (Billerica, USA). The instrument settings are: 20.0 mW microwave
power, 9.8 GHz microwave frequency, 100 kHz modulation frequency, 1.00 G modulation
amplitude, 3515 G center field, 150 G sweep width, and 40.0 s sweep time. 50.0 mM of 5,5-
dimethyl-1-pyrroline N-oxide (DMPQO) was used as the spin trapping agent for *OH, and O>°*".
The EPR measurement for *OH was conducted using 1:1 mixture of ultrapure water and
acetonitrile as the solvent. To avoid the interference of *OH signal, the EPR measurement for
0,°* was performed in pure methanol (MeOH). After 10 minutes of irradiation under the Hg-
lamp, 5.0 ml of reaction solution was extracted and injected into a 2 mm quartz EPR tube using
a syringe needle. The 2 mm quartz tube was then placed into a 4 mm quartz EPR tube, which

was immediately loaded into EPR.

Recyclability and stability tests
To evaluate the recyclability of MIL-125-NH; in the degradation of PFOA, the experiment
was conducted with 2.5 g/L of MOF, 0.5 M of glucose, and 100 pg/L of PFOA for 24 hours.
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After each cycle, the residue of MOF was washed by ultrapure water (twice) and ethanol
(twice), dried at 60°C for 12 hours, and then weighed. The recycled MOF was used to run a
new cycle of experiment with the same initial glucose and PFOA concentration. A total of three
cycles was conducted, following the same procedures to recycle the MOF. The concentration
of PFOA att =0, 3, 6, 12, 24 hours in each cycle was measured.

To assess the stability of MIL-125-NHo, a series of characterizations was performed on the
MOF before and after three cycles of experiment. A JEOL JSM-7500F ultra-high-resolution
FE-SEM was used to observe the morphological changes in the MOF particles.
Thermogravimetric analysis (TGA) was conducted to determine the thermal stability of the
MOF using a Mettler Toledo TGA/DSC1 equipped with a GC 200 Gas controller system. The
changes in BET surface area and pore volume were determined by N> adsorption-desorption
isotherm measurements at 77 K on a Micromeritics ASAP 2020 high-performance adsorption
analyzer with subsequent analysis of the adsorption data performed using Micromeritics
Microactive software. The micropore and mesopore size distributions of the MOF were
analyzed using the density functional theory (DFT) and Barrett-Joyner-Halenda (BJH) models.
To probe the crystal structure of the MOF, PXRD data was collected with a Bruker-AXS D8
short arm diffractometer equipped with a multiwire lynx eye detector using Cu (Ka, A=1.542A)

and operated at a potential of 40 kV and a current of 40 mA.

Measurement of fluoride (F°) concentrations
The concentrations of fluoride (F°) in the collected samples were measured using a Dionex
Integrion high performance ion chromatography (HPIC) system (Waltham, USA) equipped
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with a conductivity detector, a Dionex IonPac AS19 column (4x250 mm), a Dionex IonPac
AG19 (4%x50 mm) guard column, and a Dionex ADRS 600 (4mm) suppressor. Considering the
limit of quantification (LOQ) of the IC, the initial concentration of PFOA was increased to 1.0
mg/L in order to achieve a higher quantification accuracy. The initial concentration of glucose
was controlled at 0.5 M. The F~ concentration in each sample was calculated using a standard

calibration curve.

Results and Discussion

Photocatalytic degradation of PFOA

PFOA was efficiently degraded by MIL-125-NH; in 24 h (Figure 28a) under the
irradiation of a Hg vapor lamp, whose light fluxes in different wavelength regions are presented
in Table S10. Glucose as a benign 4" scavenger was crucial for the system. Without glucose,
the removal of PFOA by MIL-125-NH; was inefficient (only ~13%) (Figure S24). The
degradation of PFOA increased with the glucose concentration and complete degradation was
achieved at 0.5 M glucose (kops = 2.64 £ 0.16x10” min™). The corresponding degradation
kinetics fitted well with the pseudo-first-order model (r* > 0.99) (Figure S25, Table S11).
Complete degradation of PFOA was achieved within 24 h using 0.5 M glucose (kops = 2.64 £
0.16x107 min"). Even with a ten-fold increase of the initial PFOA concentration to 1.0 mg/L,
98.9% of PFOA was degraded within 24 h (kops = 2.33 £0.19%107 min™') (Figure 28b). Based
on the fluoride (F°) concentration in the supernatant, the calculated overall defluorination rate

(overall deF%) using Equation 36:
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vera e (V= _ X 0
Overall deF% = - £ ] 100% R36

[PFAS]oXNc-F
where [F] is the measured F~ concentration in the supernatant, [PFAS]o is the initial PFAS
concentration, and Nc-r is the total number of C-F bonds in the parent PFAS molecule. The
overall deF% in this system was comparable to the literature.’!*431¢ It is important to note
that the reactivity of e4; is generally higher under alkaline condition (e.g., pH=10) because
quenching of e, by H" becomes noticeable under acidic condition to form less reactive
hydrogen radical (*H, E° = -2.3 Vnug).”®16218 With the use of glucose in this study, the solution
pH was maintained in the range of 4.6-5.8 throughout the experiment. Although the degradation
efficiency of PFOA could be compromised by the scavenging effect of H', this pH range is
closer to that of real wastewater, and our results demonstrated the effectiveness of MIL-125-

NH> at this pH range. In addition, MOFs constructed by hard acid metals and hard base ligands

like MIL-125-NHx tend to be more stable under slightly acidic conditions.?%>3%
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Figure 28. (a) Effect of glucose concentration on the removal efficiency of PFOA by MIL-
125-NH; under light ([PFOA]o= 100 pg/L; MOF loading = 2.5 g/L; [glucose]o = 0, 0.01, 0.05,
0.2, 0.5 M; T = 20°C); (b) the decay of PFOA and corresponding overall deF% under light
([PFOA]o= 1.0 mg/L; MOF loading = 2.5 g/L; [glucose]o = 0.5 M; T = 20°C).

Degradation metabolites and pathways of PFOA
The degradation metabolites of PFOA were screened using untargeted LC-MS/MS
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analysis and are presented in Figures S26-S28. Two major types of metabolites were identified,
including shorter-chain perfluorinated carboxylic acids (PFCAs) and fluorotelomer carboxylic
acids (FTCAs, CnFan+1—(CH2)m—COQO"), suggesting that chain shortening and H/F exchange are
two primary pathways for PFOA degradation (Figure 29).317431%320 Through chain shortening,
a series of shorter-chain PFCAs including perfluoroheptanoic acid (PFHpA),
perfluorohexanoic acid (PFHxA), perfluoropentanoic acid (PFPeA), perfluorobutanoic acid
(PFBA), and perfluoropropanoic acid (PFPrA) were produced. To verify the proposed chain-
shortening pathway, the change in concentration of PFHpA, PFHxA, PFPeA, and PFBA were
monitored using targeted LC-MS analysis (Figure 30). The time profiles of PFHpA, PFHxA,
and PFPeA showed a stepwise defluorination from long to short chain PFCAs, similar to
previous literature reports.’! The formation of PFBA was not observed until after 6 hours, and
a reduction in concentration was not observed within 24 h. This is likely due to the higher
stability of PFBA and slower reaction kinetics with eqq,”* which can be inferred from its lower
removal efficiency by MIL-125-NH, under the same condition (Figure S29).”* Although the
concentration of PFPrA was not measured due to the lack of standards, the change of its peak
area over time confirmed its formation (Figure S30a). Based on the metabolites, four steps of
H/F exchange occurred on both PFOA and PFHpA, resulting in the formation of eight FTCAs
with partial defluorination. The time profiles of the peak areas of these FTCA metabolites also
displayed similar trends as the PFCAs (Figure S30b-c). Based on the time profiles of these
shorter-chain PFCAs and FTCAs, the proposed degradation pathways of PFOA in the MOF

system are illustrated in Figure 29.
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Figure 29. Plausible degradation metabolites and proposed degradation pathways of PFOA by
MIL-125-NHz/glucose under light
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Figure 30. Changes in concentrations of PFOA, PFHpA, PFHxA, PFPeA, and PFBA over time
([PFOA]o= 100 pg/L; MOF loading = 2.5 g/L; [glucose]o = 0.5 M; T = 20°C).

Identifying the main reactive species
Identifying main reactive species. In order to identify main reactive species involved in
the degradation of PFOA, AgNOs was used as a quencher for eq,”,**! and superoxide dismutase
(SOD) was added to scavenge O>*,'%° a common product from e, and dissolved O, (Equation
37).322323 Glucose in the system served as a quencher for 4",
eaqg T 02 —> 0% k3 =1.8-2.2x101" M!-s’! (R37)
The pseudo-first-order rate constants of PFOA degradation in presence of different
quenchers were presented in Table S12. According to Figure 31a, e, was the dominant
reactive species in the reductive degradation of PFOA while O»* had a negligible role as
evidenced by the minimal impact of 100 U-ml"! SOD. Remarkably, even in the presence of 0.5
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M AgNO;s, 42% of PFOA was degraded within 24 hours. The results suggested that even
without eqq, oxidizing species like 2" and *OH can also degrade PFOA, and *OH could be
produced by 4" following Equation 38:
h*+HO — *OH + H" (R38)
Electron paramagnetic resonance (EPR) technique was employed to provide direct
evidence of the formation of reactive species with 5,5-dimethyl-1-pyrrolineN-oxide (DMPO)
as the spin trapping agent. The formation of O»*" was verified by the signal of DMPO-0,*
adduct (Figure 31b), however, it did not contribute to the PFOA degradation according to the
results of quenching study. The characteristic 1:2:2:1 peak of DMPO-*OH adduct also
confirmed the production of *OH (Figure 31c). The EPR signals of DMPO-0O,°* and DMPO-
*OH adducts can serve as indirect evidence for the presence of e, and 4*. However, because
the signals of DMPO-*OH and DMPO-0O*" can overlap with each other, EPR was also
conducted with the addition of both SOD and glucose. Interestingly, a weak signal of DMPO-
*OH was still observed (Figure 31d), confirming the formation of *OH due to incomplete
quenching of 4" by glucose. Unlike non-porous photocatalysts, in which quenching of 4" can
occur efficiently on the particle surface, the structure of MOF is highly porous, and the reaction
rate between glucose and 4" on the MOF surface could be limited by the diffusion of glucose.
Overall, the quenching study and EPR measurement suggested that our system contained
multiple reactive species, with e.q” playing a major role and *OH playing a supporting role in

driving the PFOA degradation.

107



©o-No quencher 4 Glucose+S0OD
(a) @ Glucose & AgNO3 (b)
' ] No * DMPO-O,*
uencer
<z 1 2 [
O [
c

o ] g

S =

< * * *

g k Glucose o * *

L 1 A—/\/\/\/\/\/\f—l‘w
o, |

0 5 10 15 20 25 3460 3480 3500 3520 3540 3560
Time, h Magnetic Field, G
(c) . (d)
No ¢ DMPO-*OH No & DMPO-*OH
quencher quencher

2 =

2 2

D * o 2

c
£ * * - Glucose . * o .
AgNO; N +5S0D
_M_J‘_y_i,“\ '_\_*_,’ ‘ FM‘J '\“_jl — | h‘ﬁ—*ﬁ—‘—/\’*—/\/hvj\/v—,\/“_hw
v ||’ f‘ v
¥ |
3440 3470 3500 3530 3560 3440 3470 3500 3530 3560
Magnetic Field, G Magnetic Field, G

Figure 31. (a) Effects of quenchers on the removal of PFOA. The EPR spectra in presence of
(b) AgNO;3, (c) glucose, and (d) glucose and SOD ([PFOA]o= 100 pg/L; MOF loading = 2.5
g/L; [AgNO;3]o = [glucose]o = 0.5 M; [SOD]o = 100 U-ml'!; T = 20°C).

Recyclability and Stability

Many MOFs are known to suffer from poor recyclability and stability under aqueous
conditions, which critically limit their feasibility in environmental applications.***¥2* Therefore,
the recyclability and stability of MIL-125-NH> in the current system were evaluated by
monitoring its removal efficiency of PFOA and structural stability over three cycles. As shown
in Figure S30, an astonishing 96.7% removal of PFOA was achieved by MIL-125-NH; after

three cycles, with a very minor decrease in the pseudo-first-order rate constant (Table S13),
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demonstrating its excellent recyclability. Furthermore, the stability of MIL-125-NH, was
determined by powder X-ray diffraction (PXRD), thermogravimetric analysis (TGA), N>
adsorption isotherm analysis, and scanning electron microscopy (SEM). The PXRD pattern of
post-run MIL-125-NH> showed that the material retained a high degree of crystallinity, which
matched well with the pre-run pattern and the simulated pattern from the single crystal data
(Figure 32a). The similar TGA profiles of pre- and post-run MIL-125-NH> also suggested that
the overall structure of MIL-125-NH> remained largely intact (Figure S31). The N2 adsorption
isotherm analysis showed a slight decrease in the total nitrogen uptake after three cycles from
373 to 310 cm®/g under standard temperature and pressure (STP), resulting in a reduction in
the Brunauer-Emmett-Teller (BET) surface area from 1378 to 1098 m*/g (Figure 32b). The
slight reduction in porosity was likely due to pore clogging by residual PFOA and its
degradation products, or water. In addition, the DFT model and Barrett-Joyner-Halenda (BJH)
model were employed to analyze the micro- and mesopore size distributions, respectively
(Figure 32c). Both pre- and post-run MIL-125-NH> exhibited a high degree of microporosity,
and the slight reduction in the differential pore volume at around 7 to 9 A in the post-run sample
was ascribed to pore clogging. On the other hand, the differential volume of mesopores at
around 30 to 40 A was markedly increased in the post-run sample (Figure 32d), agreeing well
with the greater hysteresis in the N> adsorption isotherm at pressure above P/P° = 0.5. The
increase in mesoporosity could be attributed to the etching of MIL-125-NH> during extended
exposure to water, which can also be inferred from the slightly rounded edges of MIL-125-NH>
crystals shown in the SEM images (Figure S32). However, these etching factors were overall
minor, with this data showing that the structural integrity of MIL-125-NH, was well-
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maintained, indicating its high stability in the photodegradation experiments.
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Figure 32. The (a) PXRD patterns, (b) N> adsorption isotherms, and (¢) density functional
theory (DFT) and (d) Barrett-Joyner-Halenda (BJH) pore size distribution curves of MIL-125-
NH; before and after three cycles of photodegradation experiments.

Conclusions

This is the first mechanistic study on delineating the photocatalytic degradation of PFAS

by MOFs. Complete PFOA degradation was achieved by MIL-125-NH> within 24 h with

glucose as the sacrificial reductant, accompanied by a remarkable defluorination efficiency.

Chain-shortening and H/F exchange are major pathways for PFOA degradation, both of which

can be induced by e, . Significantly, a comprehensive mechanistic investigation supported by
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DFT calculations unveiled the detailed reaction mechanisms in chain-shortening and H/F
exchange, some of which were not discussed by previous literatures. Our results also
highlighted the vital role of oxidizing reactive species like *OH in assisting the e4, -initiated
PFAS reduction, which could shed light on the design of a comprehensive system for more
efficient defluorination. Furthermore, the performance and structural integrity of MIL-125-
NH> remained stable after three cycles of experiments, displaying excellent recyclability and
stability. These results exemplify the significant potentials of photocatalytic MOFs as a

promising platform for efficient removal of PFAS in water.
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CHAPTER VI

CONCLUSIONS ANS RECOMMENDATIONS

In conclusion, this dissertation highlights several important potentials of AOPs and ARPs
in the degradation of recalcitrant pollutants in water and contributes to closing existing
knowledge gaps in these fields. In the studies of persulfates, direct activation of PDS by visible
light and PMS by co-existing phosphate and carbonate to produce various reactive species were
demonstrated, both of which have not been reported before. The results provide important
insights for understanding the chemistry of persulfates and novel methods to activate them. In
the study of heterogeneous photocatalysts, a ZFO/nZVI nanocomposite with a unique core-
shell-skin tertiary structure is synthesized, which removed NOs™ and As simultaneously. The
work showed that a heterogeneous photocatalyst can be integrated with an adsorbent to achieve
a synergistic effect in photocatalytic reduction and adsorption of toxic oxyanions, which sheds
light on future technologies to tackle co-contamination of multiple pollutants. Furthermore, the
first photocatalytic degradation of PFAS by MOF was demonstrated. The model MOF MIL-
125-NH> not only displayed remarkable efficiency in the degradation and defluorination of
PFAS but also showed high recyclability and stability. The results exemplified MOFs as
promising photocatalysts for PFAS degradation and called for more studies to further optimize
the system.

While significant progresses have been made in the above-mentioned studies, additional
research is needed to further advance the knowledge. Specific recommendations for continued

research include:
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1. In the study of PDS activation, while it is exciting to confirm the activation of PDS by
visible light, the quantum yield of PDS under visible light vs. UV light should be
determined to further evaluate the effectiveness of visible light activation. Also, a
comparative evaluation on the chemical and energy consumption between activation of
PDS by visible light and heterogeneous catalysts is needed.

2. In the study of PMS activation, although the enhancive effects of phosphate and
carbonate on pollutant degradation as well as formation of reactive species were
observed, the underlying reaction mechanisms remain unclear. Theoretical calculations
involving DFT may be utilized to probe the interactions between PMS and
phosphate/carbonate and to determine the corresponding thermodynamics.

3. In order to further exploit the applicability of the ZFO/nZVI nanocomposite, further
modifications are necessary to overcome the hinderance effect of phosphate and NOM.
Moreover, structural optimizations are needed to inhibit the charge recombination
without relying on adding sacrificial reductants.

4. In the study of PFAS degradation by MOF, despite of the excellent degradation
efficiency of PFOA by e.;, complete defluorination is not attainable for any technology
that relies on either ARP or AOP. It is imperative to develop a more effective technology
that utilizes multiple reactive species to achieve a complete degradation and

defluorination of PFAS.
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SUPPORTING INFORMATION

Supporting Figures
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Figure S1. The pseudo-first-order rate constants of ATZ degradation by PDS Light with and
without the UV filter ([ATZ]o = 10.0 uM, [PDS]o = 5.0 mM, [Na,HPO4] = 10.0 mM, pHo= 7.0,
T = 25 °C; different letters indicate significant difference (p<0.05) between the rate constants
according to one-way ANOVA followed by Tukey’s test).
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Figure S2. Decay of PDS and ATZ in the absence and presence of each other in dark ([PDS]o
=[ATZ]o = 5.0 mM, [NaHPO4] = 10.0 mM, pHo= 7.0, T = 25 °C).
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Figure S3. Detection of H2O; based on the UV-Vis absorbance spectra of PDS Dark and PDS
Light in the absence of ATZ; absorption at ~450 nm indicates the formation of peroxovanadate
as a product of H>O; and vanadate; a zoomed-in image is presented in the inset (([PDS]o= 5.0
mM, [NH4VOs]o = 10.0 mM, [NaxHPO4] = 10.0 mM).
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Figure S4. Decay of PDS with the presence of scavengers under (a) oxic and (b) anoxic
condition under light; the control group in which no scavenger was present is shown in the

figure but respective symbols are fully covered by other symbols ([PDS]o = 5.0 mM, [Na;HPO4]
=10.0 mM, [MeOH]o = [TBA]o = [L-his]o = 0.5 M, [SOD]o = 50 U-ml!, pHo = 7.0, T =25 °C).
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Figure SS. Pseudo-first-order rate constants of ATZ degradation by PDS in water and D>O
(different letters indicate significant differences between the rate constants according to one-
way ANOVA followed by Tukey’s test, (p<0.05)).
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Figure S6. MS1 and MS2 spectra of identified degradation metabolites of ATZ in PDS Dark
and PDS Light systems (the structures of identified metabolites are tentatively assigned).
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Figure S7. Proposed degradation pathways of ATZ by PDS Dark and PDS Light.
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Figure S8. Possible degradation pathway of ATZ by 'O, in the PDS light system.
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Figure S9. Detection of H2O> based on the UV-Vis absorbance spectra of samples of PDS Dark
and PDS Light in the presence of ATZ; absorption at ~450 nm indicates the formation of
peroxovanadate as a product of H,O» and vanadate; a zoomed-in image is presented in the inset
([PDS]Jo= 5.0 mM, [NH4VO3]o = 10.0 mM, [Na;HPO4] = 10.0 mM).
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Figure S10. Decay of PMS with and without phosphate ([ATZ]o = 10.0 uM; [PMS]o= 5.0 mM;
[Na;HPO4] = 0 or 10.0 mM; pHo= 7.0; T =25 °C).
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Figure S11. Relationship between rate constants of ATZ degradation and temperature
([ATZ]o = 10.0 pM; [PMS]o = 5.0 mM; [Na,HPO4] = 10.0 mM; T = 10, 25, 40, 55 °C).
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Figure S12. Decay of PMS in the presence and absence of L-his ([PMS]o = 5.0 mM; [L-his]o
=0 or 0.5 M; [Na2HPO4] = 10.0 mM; pHo=7.0; T =25 °C).
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Figure S13. Detection of H2O2 based on the UV-Vis absorbance spectra of PMS with and
without phosphate buffer; absorption at ~450 nm indicates the formation of peroxovanadate as
a product of H>O> and vanadate ([PMS]o= 5.0 mM; [NH4VO3]o = 10.0 mM; [NaoHPO4] = 0 or
10.0 mM; T =25 °C).
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MSI1 and MS2 spectra of identified oxidation products of ATZ by PMS
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Figure S15. Linear relationship between the pseudo-first-order rate constant of ATZ
degradation and HCOj3™ concentration ([ATZ]o = 10.0 uM; [PMS]o = 5.0 mM; no phosphate
buffer; [HCO37]o =0, 1.0, 5.0, 10.0 mM; pHo=7.0; T = 25 °C).
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Figure S16. Degradation of ATZ by PMS in H>O and D>O in presence of 10 mM HCOs3"
([ATZ]o = 10.0 uM; [PMS]o = 5.0 mM; [HCO3]o = 10.0 mM; pHo= 7.0; T = 25 °C).
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Figure S17. EPR spectra of (a) 02* and (b) 'O> for PMS with and without 10 mM HCO5
([PMS]o = 5.0 mM; [DMPO] = [TEMP] = 50.0 mM; [HCO37]o =0 or 10.0 mM; pHo=7.0; T =
25 °C).
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Figure S18. (a) Zeta potentials and (b) hydrodynamic sizes of ZnO and ZnFe>O4/nZVI at pH
2.0-11.5 ([catalyst] = 0.1 g/L).
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Figure S19. N, adsorption-desorption isotherm of ZnFe;O4/nZVI nanocomposite (T = 77 K)
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Figure S20. Total leaching of Fe from ZnFe;04/nZ VI in dark and under light at pH 3.0-11.0
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Figure S21. Linear fits of As adsorption with (b) pseudo-first-order and (¢) pseudo-second-
order kinetic models (ZnFe2O4/nZVI is abbreviated as ZFO/nZVI; [As]o = 100 pg/L;
[adsorbent]o= 0.2 g/L; initial pH=7.0).
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Figure S22. Linearized plots of As adsorption on ZnO and ZnFe>04/nZV1 with (a) Langmuir
and (b) Freundlich model; (c) the experimental data of adsorption isotherm in comparison with
q. predicted by Langmuir and Freundlich model (ZnFe2O4/nZV1 is abbreviated as ZFO/nZVI,
[As]o= 100 pg/L; [adsorbent]o = 0.2 g/L; initial pH=7.0).
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Figure S23. ATR-FITR spectra of the ZnFe,O4/nZV1 nanocomposite before and after As
adsorption.
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Figure S24. The decay of PFOA under different conditions ([PFOAJo= 100 ng/L; MOF loading
=0or 2.5 g/L; [glucose]o = 0 or 0.5 M; reaction time = 24 hours; T =20°C).
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Figure S25. Fitted linear regression of PFOA decay by MIL-125-NHa in presence of different
glucose concentrations ([PFOA]o= 100 pg/L; MOF loading = 2.5 g/L; [glucose]o = 0, 0.01,
0.05,0.2,0.5M; T =20°C).
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Figure S26. MS1 and MS2 spectra of possible degradation metabolites (part 1)
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Figure S27. MS1 and MS2 spectra of possible degradation metabolites (part 2)
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Figure S28. MS1 and MS2 spectra of possible degradation metabolites (part 3)
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Figure S29. Removal efficiency of PFBA by direct photolysis and MIL-125-NHa/glucose (in
dark and under light irradiation) ([PFBA]o= 100 pg/L; MOF loading = 2.5 g/L; [glucose]o =
0.5 M; reaction time = 48 hours; T = 20°C).
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Figure S31. Decay of PFOA by MIL-125-NH; under light over three cycles ([PFOA]o= 100
pg/L; MOF loading = 2.5 g/L; [glucose]o = 0.5 M; T = 20°C).
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Figure S32. The TGA curves of MIL-125-NH: before and after three cycles of PFOA
removal experiments under light.
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Figure S33. The SEM images of MIL-125-NH> (a) before and (b) after three cycles of PFOA
removal experiments under light.
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Supporting Tables

Table S1. Light fluxes received by the PDS reaction solutions with and without UV filter

Wavelength 2
(nm) Flux (W/cm )
Without UV filter With UV filter
Visible 400-700 39.8 £0.5x107 39.6 £ 0.3x107
UV-A 315-400 8.1+0.2x10° 2.0+ 0.2x10°
UV-B 280-315 2.5+£0.4x10° 0
UV-C 230-280 0 0
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Table S2. Information about the identified degradation intermediates of ATZ by PDS in dark
and under light

Full Names Abbreviations Molecular m/z
‘ 2-chlor9-4-am1n0-§- . DEA C6H10C1N5 188
isopropylamino-1,3,5-triazine
2-ch10ro-4-ethyla'm1'no-6-ammo- DIA C5H8CIN5 174
1,3,5-triazine

' 2-hydrox¥1-4-Am1no-§- ‘ DEHA CH N.O 170
(isopropylamino)-1,3,5-triazine

2-chloro-4,6‘-d1‘am1n0- 1,3,5- DEIA C,H,CIN_ 146

triazine
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Table S3. Pseudo-first-order rate constants of ATZ degradation by PMS at different
temperatures

Temperature (°C) kobs (min) r’
10 9.9 +£0.3x<10* 0.93
25 4.4 +0.3%102 0.98
40 3.1£0.2x10" 0.95
55 2.7+0.2 0.97
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Table S4. Tentative oxidation products of ATZ in the PMS system

Full Names Abbreviations Molecular m/z
formula
1-((4-Cl‘110'r0-6-(1sopr(?pylam1no)- 1,3,5- CNIT C8H14CIN50 32
triazin-2-yl) amino) ethanol
N-(4-ch10.ro-.6-(isopropylamino)- 1,3,5- CDIT C8H12C1N5 o) 730
triazin-2-yl) acetamide
- - 2_‘ - 4_ 1 - -
6-chloro N. 1§0propyl N ‘mel 1,3,5 CVIT C8H12C1N5 )14
triazine-2,4-diamine
2—chloro—4—am1no—§—159propylam1n0— DEA C6H10C1N5 188
1,3,5-triazine
2-acetamido-4-amino-6-chloro-s-triazine CDAT C5H6C1N50 188
2-hydroxyl-4-Amino-6-
DEHA CH NO 1
(isopropylamino)-1,3,5-triazine 6 1S 70
2-chloro-4,6-diamino-1,3,5-triazine DEIA C3H4C1N5 146
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Table SS. Pseudo-first-order rate constants of ATZ degradation by PMS in presence of HCO3"

Anions Concentration (mM) kobs (min-T) r?
No anions 0 9.7 £0.5x103 0.97
HCO5" 1.0 1.1 +£0.2%10? 0.99
5.0 2.2+0.2x10% 1.00
10.0 3.2+0.3x107 0.99
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Table S6. Pseudo-first-order rate constants of ATZ degradation by PMS in lake water and river

water
Water sample kobs (min-T) r?
Lake Bryan 6.3 +£0.4%103 0.99
Brazos River 7.3£0.5%103 0.97
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Table S7. Light fluxes received by the ZnFe>;O4/nZVI nanocomposite

2
Wavelength (nm) Flux (W/em )

Visible 400-700 38.5+0.3x107

UV-A 315-400 1.6 £0.1x10°

UV-B 280-315 0

UV-C 230-280 0
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Table S8. Kinetic parameters for As adsorption on ZnO and ZnFe204/nZVI

Pseudo-first-order

Pseudo-second-order

k ds Qe kads h
Adsorbent @ r2 r2
(min) (mgg?) | (g mg* min™) | (mg g* min™)
Zn0O 0.008 0.97 4.89 0.005 0.1193 0.99
ZnFe204/nZVI 0.016 0.96 4.95 0.025 0.6217 1.00
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Table S9. Isotherm parameters for As adsorption on ZnO and ZnFe;O4/nZVI

Langmuir Model

Freundlich Model

K K
Adsorbent qma’fl L R? n P, R?
(mg g7) (L mg™) (mg L~ {L mg™)")
ZnO 32.1543 62.20 0.998 | 0.398 42.82 0.911
ZnFe;04/nZVI | 58.8235 85.00 0.997 | 0.435 94.82 0.891
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Table S10. Light fluxes emitted by the medium pressure Hg-lamp

A (nm) Light flux (W/cm?)
Visible 400-700 1.3+£0.2x10!
UV-A 315-400 7.2+ 0.6x107
UV-B 280-315 1.3+0.1x102
UV-C 230-280 2.8+0.3%x10*
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Table S11. Pseudo-first-order rate constants of PFOA removal by MIL-125-NH> in presence
of different glucose concentrations

Rate Constant (10~ min™') 12
No glucose 0.101 £0.02 0.99
0.01 M 0.520 £ 0.03 1.00
0.05M 0.847 +£0.06 0.99
0.2M 1.84 £0.10 0.99
0.5M 2.64 £0.16 0.99
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Table S12. Pseudo-first-order rate constants of PFOA removal by MIL-125-NH> in presence
of different quenchers

Rate Constant (10~ min™) 12
No quencher 0.101 £0.02 0.97
Glucose 2.64+0.16 0.99
Glucose + SOD 2.51+0.19 0.99
AgNO;3 0.382+0.04 0.96
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Table S13. Pseudo-first-order rate constants of PFOA removal by MIL-125-NH> and recovery
rate of dry mass over three cycles

Rate Constant (10 min™) 12 Dry mass recovery
Cycle 1 2.64£0.16 0.99 90%
Cycle 2 2.54+£0.18 0.99 80%
Cycle 3 2.30+0.15 1.00 64%
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